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Abstract

Abstract

Peatland rewetting is a recognized nature-based solution to reduce CO, emissions and has
the potential to create carbon sinks. The necessity to reduce greenhouse gases (GHG) from
both natural and from anthropogenic sources is one of the most urgent challenges of our time.
Rewetting artificially drained peatlands with freshwater can induce initially high methane (CH.)
emissions. Using sulfate-containing brackish water to rewet coastal peatlands may prevent
these CHs peaks. This is due to substrate usage by thermodynamically more favorable
microbial metabolic processes, such as sulfate reduction, instead of methanogenesis.
Together with colleagues, | investigated two peatlands with different histories of rewetting and
management, located on the Baltic Sea coast in north-east Germany: A coastal fen that was
rewetted with freshwater and another rewetted with brackish water. In the freshwater rewetted
fen, which experienced a drought shortly before a storm surge inundated the area with brackish
water, a reduction of its previously high CH4 emissions was observed. While abundances of
methanogenic archaea decreased during the drought, we did not see a further reduction after
the brackish water inflow. Although a large part of the CH4 emission reduction is certainly a
legacy effect of the drought, the increasing abundances of sulfate-reducing bacteria (SRB)
following the inflow may have caused competition with methanogens for substrate. In addition
or alternatively, SRB might be involved in the anaerobic oxidation of CH4. However, we did not
observe increases in CH4 oxidation or in abundances of anaerobic methanotrophs in the peat
soil. This suggests that methanotrophy may have taken place in the water column above the
investigated peat soil. In contrast, the brackish water rewetted fen showed relatively low CH.
emissions immediately after rewetting compared to freshwater rewetted fens. Relative to the
f e ndbamed state, abundances of SRB and methanogens increased after rewetting, but
substrate competition and CH4 oxidation most likely limited excess CH4 emissions. However,
the high CO2 emissions did not decrease as expected despite rewetting, while ecosystem
respiration and thus peat decomposition was significantly reduced. We observed a severe die-
back of both grassland plants and near-ditch fen vegetation following the intense inundation
with brackish water. The reason for the persistent CO, emissions after rewetting could be
ecosystem respiration, which was fueled by large amounts of available labile substrate,
irrespectively of peat decay. Additionally, high CO2 emissions could not be prevented due to
the lack of CO> uptake by photosynthesis. This thesis contributes to the discussion on coastal
peatland rewetting and provides new ideas about the interplay between a f e nricsobiology
and biogeochemistry among different spatial compartments. When aiming for GHG emission
reduction after rewetting this thesis highlights that not only the water type might be important
to consider, but also the frequency of brackish water input as well as the flooding intensity. In
order to define and evaluate rewetting approaches for future projects, comparing rewetted

peatlands according to their GHG emission development is necessary. Further, long-term
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monitoring and multidisciplinary research are needed to provide insight on the influence of

brackish water on coastal fens beyond the first year after rewetting.
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Zusammenfassung

Die Wiedervernédssung von Mooren ist eine anerkannte naturbasierte Losung zur Verringerung
von CO; Emissionen und hat das Potenzial, Kohlenstoffsenken zu schaffen. Die
Notwendigkeit, Treibhausgase (THG) aus natirlichen, aber auch aus anthropogenen Quellen
zu reduzieren, ist eine der dringendsten Herausforderungen unserer Zeit. Die
Wiedervernassung kinstlich entwésserter Moore mit StiBwasser kann in der Anfangsphase
zu hohen Methanemissionen (CHa) fiihren. Die Verwendung von sulfathaltigem Brackwasser
zur Wiedervernassung kustennaher Moore kdnnte diese anfanglich hohen CHs Emissionen
verhindern. Dies ist auf die Substratnutzung durch thermodynamisch gilnstigere mikrobielle
Stoffwechselprozesse wie die Sulfatreduktion anstelle der Methanogenese zurtickzufuhren.
Zusammen mit Kolleg*innen untersuchte ich zwei Niedermoore an der Ostseekiste in
Nordostdeutschland mit unterschiedlicher Wiedervernassungsgeschichte und -umsetzung:
Ein mit SiRwasser und ein mit Brackwasser wiedervernasstes Kistenmoor. Im
wiedervernassten Suf3wassermoor, das eine Durre erlebte, bevor eine Sturmflut das Gebiet
mit Brackwasser Gberschwemmte, wurde ein Riuckgang seiner zuvor hohen CH4 Emissionen
beobachtet. Wahrend die absoluten Abundanzen der methanogenen Archaeen wahrend der
Durre abnahmen, konnten wir nach dem Einstrom des Brackwassers keine weitere Reduktion
feststellen. Obwohl ein groRer Teil des Ruckgangs der CH4 Emissionen sicherlich auf die Diirre
zurtickzuftihren ist, konnte die zunehmenden Abundanzen von sulfatreduzierenden Bakterien
(SRB) nach dem Einstrom des Brackwassers zu einem Wetthewerb mit Methanogenen um
Substrat gefuhrt haben. Zusétzlich oder alternativ dazu kénnten SRB an der anaeroben
Oxidation von CHs beteiligt sein. Wir konnten jedoch weder eine Zunahme von
Methanoxidation noch steigende Abundanzen von anaeroben Methanotrophen im Boden
beobachten. Dies deutet darauf hin, dass die Methanotrophie in der Wassersaule oberhalb
des untersuchten Moorbodens stattgefunden haben konnte. Im Gegensatz dazu wies das mit
Brackwasser wiederverndsste Niedermoor unmittelbar nach der Wiederverndssung relativ
geringe CH4 Emissionen auf als mit Stif3wasser wiederverndsste Niedermoore. Im Vergleich
zum entwasserten Zustand des Niedermoors nahmen SRB und Methanogene nach der
Wiedervernassung zu, aber die Konkurrenz um das organische Substrat und stattfindende
Methanoxidation begrenzten héchstwahrscheinlich GberméRige CH4 Emissionen. Die hohen
CO; Emissionen gingen jedoch trotz Wiederverndssung nicht wie erwartet zuriick, wahrend
die Okosystematmung und damit der Torfabbau stark reduziert wurden. Wir beobachteten ein
starkes Absterben von sowohl Grinlandpflanzen als auch der grabennahen Moorvegetation
nach der intensiven Uberflutung mit Brackwasser. Unabhéngig von der Torfzersetzung konnte
der Grund fir die anhaltenden CO. Emissionen an den gro3en Mengen an organischem
Substrat liegen, welches fiir die Okosystematmung nach der Widervernassung zur Verfigung

stand. AuRerdem konnten die hohen CO, Emissionen nicht verhindert werden, weil die CO;
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Aufnahme durch Photosynthese fehlte. Diese Dissertation leistet einen Beitrag zur Diskussion
Uber die Wiederverndssung von Kistenmooren und liefert neue Erkenntnisse Uber das
Zusammenspiel von Mikrobiologie und Biogeochemie in verschiedenen raumlichen
Kompartimenten eines Moores. Es wird gezeigt, dass nicht nur der Wassertyp, sondern auch
die Haufigkeit des Brackwassereintrags und die Intensitat der Uberflutung fur die Reduzierung
von Treibhausgasemissionen von Bedeutung sein kdnnen. Um Wiederverndssungsansatze
fur kinftige Projekte zu definieren und zu evaluieren, ist ein Vergleich wiedervernasster Moore
anhand ihrer Entwicklung bezuglich der THG erforderlich. Darliber hinaus werden langfristiges
Monitoring und multidisziplindre Forschung benotigt, um Erkenntnisse zu gewinnen, die Uber

das erste Jahr des Brackwassereinflusses in Kiistenmooren hinaus gehen.
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Introduction

Introduction

Coastal peatlands are ecosystems that form transition zones between land and water. Like
most peatlands, they store large amounts of carbon (C) (Gorham 1991; McGuire et al. 1995;
1997; Turunen et al. 2002; Fiedler et al. 2008; Chen et al. 2014). In their natural state they are
predominantly saturated with water and the concomitant depletion of O, impedes
decomposition of the peat (Clymo et al. 1987; Succow and Joosten 2001; Turetsky et al., 2005;
Rydin and Jeglum 2013). Drainage and intensive land use alter the C storage capacity of
(coastal) peatlands due to aeration, which increases the efficiency of C cycling by
(micro)organisms. As a consequence, the organic C stocks decrease through decomposition
of the peat, resulting in CO, emissions. Modeling based on global scenarios predicts a 25 %
loss of peatlands due to degradation by 2025, which would account for 8 % of the global CO;

emissions (Urék et al. 2017).

Rewetting is often applied in an attemptto i r e v ehe dlrairage and to restore ecosystem
functioning in formerly used peatlands (see fi Bckgroundadsection for details). Due to the rising
water level and the potentially abrupt creation of anoxic conditions during rewetting, high
emissions of CH4 may occur initially after rewetting, as reported from freshwater rewetted fens
(Joosten and Couwenberg 2009; Wichtmann et al. 2010; Abdalla et al. 2016). However, even
natural peatlands are often a slight source of CH4 due to the anoxic conditions (e.g. Lai 2009).
That being said, research in coastal salt marshes has shown that rewetting using sulfate-
containing brackish water could prevent high CH,s emissions (Bartlett et al. 1987; Giani et al.
1996b).

In this case, the processes may be similar to those in marine environments (e.g. Oremland
1988; Jargensen 2006), where CHj; production in sulfate-rich layers is limited by the
competition for substrate (mostly CO,, acetate, and formate) between CHj-producing
microorganisms (methanogens) and sulfate-reducing bacteria (SRB). SRB use the mentioned
substrates for sulfate reduction and outcompete methanogens due to the higher substrate
affinity at low substrate concentrations (Schonheit et al. 1982; Kristjansson and Schédnheit
1983). Furthermore, the S? produced by sulfate reduction is toxic to methanogens and may
cause them physiological stress (van Dijk et al. 2019). Certain methanogens do not use
competitive substrates (Whiticar 1999) but specialize on single-carbon methylated compounds
(Conrad et al. 1985). This substrate specialization allows coexistence with SRB in sulfate
methane transition zones (SMTZ) (Whiticar et al. 1986; Dean et al. 2018).

Coastal peatlands or wetlands were most likely formed within the last several thousand years
(Coultas 1996), as the acceleration and deceleration of sea level rise initiated the creation of
coastal plains and deltas around the world (Stanley and Warne 1994; Hori and Saito 2007;

Erkens et al. 2016). In the case of the Baltic Sea, coastal peatland formation was caused by

14
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the sea level rise induced Littorina transgression (Dahms 1991; Kreuzburg et al. 2018). This
process describes the formation of the brackish water Baltic Sea as a consequence of
seawater intrusion into the former freshwater lake (R6Rler 2006; RoRler et al. 2011). Today,
climate change-induced sea level rise (Church et al. 2013; Nerem et al. 2018) affects coastal
peatlands and their C sink function globally in many different ways (Henman and Poulter 2008;
Whittle and Gallego-Sala 2016), and over a much shorter time period compared to the
Holocene (Stocker et al. 2013): According to Nicholls (2004), 70 % of coastal wetlands will be
affected by inundation. This could bring about the collapse of freshwater peatlands (Cahoon
et al. 2003), dissolved organic carbon (DOC) export and, consequently, the release of stored
C, especially in coastal blanket bogs, which consist mostly of peat mosses (Whittle and
Gallego-Sala 2016). Furthermore, sea level rise will probably lead to higher salt concentrations
in freshwater wetlands (Herbert et al. 2015; van Dijk et al. 2019), salt and freshwater marshes
(Craft et al. 2009) and low-lying coastal peatlands (Jurasinski et al. 2018). Although climate
change-induced rising sea levels are a threat to near-coastal ecosystems and anthropogenic
infrastructures, they could unintentionally lead to rewetting of coastal peatlands with brackish
water. It is unclear whether abrupt brackish water rewetting would be beneficial for successful

greenhouse gas (GHG) emission prevention.

Therefore, research is necessary to evaluate whether rewetting using brackish water results
in lower CH,s emissions compared to freshwater rewetting. The reduction of CHs emissions
represents a possibility to improve the GHG balance of rewetted peatlands and strengthen
their C sink function. Although the effect of sulfate on methanogenesis and consequently on
CH4 emissions is known from basic biogeochemical work in marshes (e.g. Bartlett et al. 1987,
Giani et al. 1996b), studies on rewetted coastal peatlands considering the interplay between

atmospheric gas fluxes and soil biogeochemistry and microbiology are scarce.

Aim of this thesis

The aim of this dissertation is to investigate whether rewetting coastal peatlands with sulfate-
containing brackish water can potentially inhibit CHs emissions. More specifically, the
investigations focus on short-term observations of CHs4 emissions and their underlying
biogeochemical and microbial drivers. Simultaneously, the reaction of CO, emissions after
brackish water exposure is an important part of this thesis in order to draw practical general
conclusions for future coastal peatland rewetting management. In the following chapters,
studies of two coastal fens are discussed. The coastal fen fDrammendorfowas rewetted with
brackish water, whereas the coastal fen fHitelmoorowas originally rewetted with freshwater
but experienced brackish water inflow during the study period. The following hypotheses were

addressed in the studies that | included in this thesis:
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Background

1) In the freshwater rewetted coastal fen Hutelmoor, abundances of sulfate-reducing bacteria
increase as a result of higher sulfate levels, following a flooding-induced brackish water
inflow.

2) The decrease in CH4 emissions in this fen (Koebsch et al. 2020) is caused by lower CH4
production associated with decreasing abundances of methanogenic archaea.

3) As an additional or alternative explanation, lower CH,s emissions in Hitelmoor occur due to
increasing abundances of sulfate-dependent anaerobic methanotrophic archaea and higher
CHy. oxidation potentials.

4) In the newly brackish water rewetted coastal fen Drammendorf, high sulfate loads increase
the abundances of sulfate-reducing bacteria at the expense of high abundances of
methanogens.

5) CH4 emissions in Drammendorf are substantially lower than in freshwater rewetted fens,
while anaerobic CH, oxidation potentials increase.

6) CO; emissions in Drammendorf decrease after water levels rise and anoxic conditions are

established.

The thesis opens with a broad background chapter describing the effects of rewetting on
peatlands and the relevant greenhouse gases. Then, | discuss the biogeochemistry and
microbiology of peatlands in relation to CH4 and sulfate cycles. A brief overview and description
of the main methods used in the attached publications (Appendix 1i 3) is followed by a
summary and discussion of the most important findings. Finally, | combine the findings of the
separate studies and put them into the broader context of peatland rewetting in order to discuss

the lessons learned relevant to rewetting management practices.

Background

Advantages of peatland rewetting

As mentioned above, peatland drainage leads to the release of high CO, emissions. Drainage
also causes peat shrinkage and loss, which in turn weakens water-holding and -filtering
capacity and increases bulk density (Zak et al. 2008; Zauft et al. 2010). Furthermore, high N.O
emissions are likely at water levels lower than 15 cm belowground (Couwenberg et al. 2011),
especially in formerly or regularly fertilized organic land (Ruser et al. 2001; van Beek et al.
2010). In addition, drainage ditches in dry peatlands are often hotspots of CHs emissions
before rewetting (Couwenberg et al. 2011; Cooper et al. 2014; Kdhn et al. 2021). Changing
the current state of mostly drained peatlands (in Germany) to rewetted ones in order to prevent

these CO; and N.O emissions is therefore recommended (Glinther et al. 2020).

The increase in CH4 emissions after peatland rewetting could overshadow the reduction of

GHG emissions in the form of CO. and N2O on decadal timescales (Glinther et al. 2020). On
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the one hand, the global warming potential of CH4 molecules is 28 times higher compared to
CO2 over a 100-year timescale (Myhre et al. 2013). On the other hand, the lifetime of CH4 in
the atmosphere is much shorter than that of CO», resulting in a much less significant proportion
of CH4 to radiative forcing over large time spans (Gunther et al. 2020). In addition, rewetting
can prevent N,O emissions and their additional warming potential factor of 265 compared to
CO; (Myhre et al. 2013). This has to be considered when discussing high CH4 emissions upon
rewetting. Nevertheless, striving for the lowest possible CH, emissions is desirable to get the
best mitigation effect of peatland rewetting, especially when the rewetted peatlands do not
immediately turn into CO; sinks (Franz et al. 2016).

Besides GHG emissions reduction, peatland rewetting aims to re-establish peat accumulation.
To achieve this, the typical peatland vegetation must recover and resettle. According to the
souce of water, there are two types of peatlands: Fens, which are fed by water that has been
in contact with mineral soil or sediment, and are therefore usually relatively rich in nutrients
(minerotrophic); and bogs, which are fed exclusively by precipitation (ombrotrophic) and are
thus typically nutrient-poor and more acidic than fens (Meier-Uhlherr et al. 2015). Fen
vegetation mostly consists of reed and sedge species, such as Phragmites australis, Typha
spec., Carex spec., Juncus spec., Schoenoplectus tabernaemontanii and Bolboschoenus
maritimus, but also some tree species, such as Salix spec., Alnus glutinosa, Betula pubescens,
Pinus sylvestris, Pinus mugo, Fraxinus excelsior (Succow and Joosten 2001; Rydin and
Jeglum 2013). Bog vegetation is mostly made up of various peat moss species (Sphagnum
spec.), further Drosera rotundifolia, Eriophorum spec. and rush and sedge species (e.g.

Trichophorum spec. and Schoenus spec.).

The preservation of intact and the rewetting and restoration of drained and degraded peatlands
is not only necessary to avoid high GHG emissions (Waddington and Price 2000; Cui et al.
2017). In addition, it can maintain or re-establish C sinks (Joosten and Couwenberg 2009),
conserve and re-create habitats for rare plant and animal species and prevent further
biodiversity loss (Pfadenhauer and Klétzli 1996; Keusch and Steiner 2005; Verhoeven 2014).

Biogeochemistry of (coastal) peatlands

Saltwater inflow could increase sulfate availability in freshwater peatlands (Hackney and
Yelverton 1990; van Dijk et al. 2019), which are generally low in alternative terminal electron
acceptors (TEA) (Dettling et al. 2006). In general, oxygen is the most thermodynamically
favorable TEA, because it provides higher energy vyields (Succow and Joosten 2001;
Jargensen 2006) for microbial metabolic processes compared to other TEAs. The amount of
(free) energy gained from oxygen-associated metabolism such as aerobic soil decomposition
is above the minimum that is required to produce energy in the form of adenosine triphosphate

(ATP) (Jorgensen 2006; Blodau et al. 2011). Under anoxic conditions and hence, oxygen
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depletion, soil decomposition is slowed down as a result of anaerobic microbial processes. In
order to maintain the capability to derive energy from the decomposition of organic matter (OM)
in anoxic soil layers, microorganisms use alternative TEAs; for instance, nitrate, sulfate, iron,
or manganese. According to their decreasing redox potential and related energy yield,
available TEAs are reduced (Dettling et al. 2006) in the following order: O,> manganese oxides
~ nitrate > iron oxides > sulfate (Froehlich et al. 1979; Succow and Joosten 2001; Jargensen
2006; Dean et al. 2018). Usage of the aforementioned TEAs leads to the oxidation of OM
(Dean et al. 2018), and consequently anaerobic CO; is produced (Corbett et al. 2013).

In nutrient-poor conditions and the absence of sulfate (e.g. freshwater peatlands) or other
TEAs, OM (e.g. acetate or formate) acts as an alternative TEA (Schonheit et al. 1982;
Oremland 1988; Lovley et al. 1996; Segers and Kengen 1998) and its reduction causes the
formation of methane (CH,) via acetoclastic methanogenesis (Lovley and Klug 1986; Whiticar
et al. 1986; Knorr et al. 2008; Conrad 2020). Therefore, natural peatlands usually emit CHa,
while also typically acting as CO; sinks. Besides the acetoclastic pathway, CH. can be formed
via the hydrogenotrophic or methylotrophic pathways (Ferry 1999; Deppenmeier 2002; Conrad
2020). The hydrogenotrophic pathway requires the reduction of CO, with H, as an electron
donor (Whiticar et al. 1986; Shannon and White 1996; Galand et al. 2005; Penning et al. 2005;
Knorr et al. 2008), while single-carbon methylated compounds are used in methylotrophic
methanogenesis (Lovley and Klug 1983; Penger et al. 2012; Séllinger et al. 2019; Yuan et al.
2019).
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Figure 1. Schematic illustration of CH4 production and consumption (oxidation) in the soil as well as its transportation
into the atmosphere using three different pathways (from Le Mer and Roger 2001). Please note that methylotrophic

methanogenesis (methylated compounds as substrate besides Hz + CO2 and acetate) is not depicted in the scheme.
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After production, CH4 can be released via ebullition, diffusion through the soil/water interface
or via diffusive or convective transport through plant tissue into the atmosphere (Fig. 1; Lai
2009). However, CH4 can also be oxidized while diffusing upwards through aerated soil zones
(oxic layer) or through plant-mediated transport (Dalal and Allen 2008), leading to CO;
emissions. Therefore, CH4 production does not equal CH4 emissions (Nazaries et al. 2013),
with production often being much higher (501 200 %) than emissions (Teh et al. 2005). In
marine sediments, CH4 oxidation removes 90 % of the produced CH. (Knittel and Boetius
2009). Therefore, it is important to consider both CHs and CO- to understand C cycling in
peatlands (Fig. 1).

Coastal peatlands might emit less CH, than freshwater peatlands due to the presence of
sulfate acting as a TEA, as documented in salt marshes and mangroves (e.g. Bartlett et al.
1987; Giani et al. 1996a; Giani et al. 1996b). The link between methanogenesis and sulfate
reduction in terrestrial environments, including peatlands, was already addressed in the 1990s
(Wieder et al. 1990; Yavitt and Lang 1990; Shannon and White 1996), as sulfur input derived
from atmospheric sulfate deposition through acid rain (Gauci et al. 2002) led to increased
sulfate concentrations in terrestrial ecosystems. More recently, research has been focused on
the relationship between sulfate reduction with methane oxidation in non-marine peatlands
and the interplay of the associated microorganisms (Smemo and Yavitt 2011; Pester et al.
2012).

Microorganisms as producers and consumers of methane

CHa production

Methanogenesis is mainly carried out by archaea belonging to the phylum Euryarchaota
distributed over seven orders (Dean et al. 2018). Two additional phyla, Verstraetearchaota and
Bathyarchaota, have been shown to contain methanogens (Mayumi et al. 2016). Quite
recently, a novel family of bacteria (Candidatus Betainaceae) was discovered that seems to
be involved in methanogenesis in coastal saltmarsh sediments (Jones et al. 2019).
Furthermore, B i ¢ei al. (2020) described how cyanobacteria can play a role in the process of
methanogenesis even under oxic conditions, challenging our previous knowledge of CHa
production. Before these publications, methanogens were considered to be obligate
anaerobic, meaning that they only inhabit anoxic environments and perform their metabolic

processes without oxygen (Thauer et al. 2008; Nazaries et al. 2013).

The well-described anaerobic methanogenic archaea that are known to science (methanogens
from here on) share the mcrA gene on the 16S rRNA encoding for methyl-coenzyme M
reductase (Ermler et al. 1997; GroRRkopf et al. 1998; Lueders et al. 2001). Methanogens lack
enzymes that would degrade toxic species of oxygen, such as peroxide and superoxide

(Jargensen 2006). Nevertheless, survival of aerobiosis by archaea for several hours to months
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was detected (Segers and Kengen 1998) and recovery from aeration was quick (Knorr and
Blodau 2009). In addition, archaeal methanogenesis was found to be entirely possible in oxic
sediments within anoxic microniches (Conrad et al. 2009; Angle et al. 2017). Methanogens
depend on syntrophic bacteria, which degrade organic compounds into simple sugars and fatty
acids (hydrolysis) and use the fermented products to form acetate (acetogenesis), formate,
hydrogen and CO; (Nazaries et al. 2013). CO, (and Hy), acetate and methyl groups containing
compounds (like for instance methanol, methylated amines and methylated sulfide) are the

main substrates for the three different pathways of methanogenesis:

1 Hydrogenotrophic
1 Acetoclastic
1 Methylotrophic

Microbial consumption of CHs

CH. oxidation or methanotrophy usually occurs in aerated soils as an aerobic process carried
out by bacteria (S6hngen 1906; Whittenbury et al. 1970). Aerobic methanotrophic bacteria
belong to the phylum Proteobacteria and are divided into two groups, type |
(Gammaproteobacteria) and type Il (Alphaproteobacteria) (Hanson and Hanson 1996; Op den
Camp et al. 2009; Nazaries et al. 2013). They can be identified by the pmoA gene, which
encodes the enzyme methane monooxydase (McDonald and Murrell 1997; Murrell et al. 2000;
Pacheco-Oliver et al. 2002). This enzyme splits the O-O bond within dioxygen (Dalton 1991;
Lipscomb 1994), which is then used for H,O and methanol (CH3;OH) production. Therefore,
proteobacterial methanotrophs require oxygen in order to oxidize CH, into CO, or methanol,
which is a necessary transformation for formaldehyde assimilation (Hanson and Hanson
1996). Type | and Il methanotrophs differ in their pathway of formaldehyde fixation: Type |
utilizes ribulose monophosphate to assimilate formaldehyde, while type Il uses serine. This
intermediate is further used for cellular carbon and energy gain (Hanson and Hanson 1996).
COg, the end product of CH,4 oxidation, is then either stored in the ground, dissolved in water

or emitted into the atmosphere.

The same coenzyme that catalyzes the final steps of all three methanogenesis pathways
(Hallam et al. 2003; Nazaries etal. 2013) 8 methyl-coenzyme M reductase & is also produced
by methanotrophic archaea that mediate anaerobic methane oxidation (AOM) with sulfate as
TEA (Thauer et al. 2008; Cui et al. 2015). Anaerobic methane-oxidizing archaea (ANME) are
closely related to methanogenic archaea (Boetius et al. 2000; Hallam et al. 2003) or were even
postulated to be methanogens that are capable of CH, oxidation (Lloyd et al. 2011). Hoehler
et al. (1994) proposed that in the presence of sulfate and at low H; concentrations, CH, can
be oxidized by simply reversing methanogenesis. So far, this hypothesis has not been rejected

and research into the relationship between methanogens and ANME is still ongoing (Cui et al.

20



Methods

2015; Timmers et al. 2017; Sdllinger and Urich 2019). ANME form symbiotic consortia with
SRB (Hoehler et al. 1994; Hansen et al. 1998) and were detected with fluorescence in situ
hybridization (FISH) (Boetius et al. 2000). More recently, sulfate-independent anaerobic CH4
oxidation was discovered, where nitrite (Ettwig et al. 2010), nitrate (Haroon et al. 2013; Arshad
et al. 2015) or even manganese and iron (Beal et al. 2009; Crowe et al. 2011; de Jong et al.
2020) are used as TEA. Sulfate-independent AOM seems to play a role in both freshwater
sites and brackish wetlands (Segarra et al. 2013). Knowledge and research about the
microbiology of AOM in marine sediments (Wallenius et al. 2021), but also from terrestrial
systems (e.g. Zhao and Lu 2023) is increasingly available 24 year past the first discovery of

methane-consumers that are neither aerobic nor methanogens (Hinrichs et al. 1999).

The importance of methanotrophs (mostly aerobic) with regard to the prevention of large CHa4
emissions into the atmosphere was recognized as early as the beginning of the past century
(S6hngen 1906). Today, the contributions of CHs emissions & not only from natural
ecosystems, but mainly from anthropogenic sources 8 to the climate crisis are well known
(e.g. Nazaries et al. 2013) and decreasing greenhouse gas emissions is one of the major
challenges of our time. However, complex systems, especially human-influenced ecosystems,
require intensive investigation and interdisciplinary methodological approaches in order to

reach defined restoration goals.

Methods

In this section, | briefly name and describe the main methods used in the studies and included
in this thesis. To draw conclusions from rewetting outcomes, we combined our research in the
newly established ecosystem states with earlier findings from the study sites, where available.
To this end, we chose methodological approaches similar to those used in past studies. At the
first study site, we focused mainly on a detailed analysis of the methane- and sulfate-cycling
microbial communities, and monitored soil biogeochemistry by extracting and measuring pore
CH,4 and CO: concentrations and U'3C signatures (Gutekunst et al. 2022, Appendix 1). At the
second study site, a recently rewetted fen for which no previous studies are available, we
broadened our interdisciplinary approach and included regular greenhouse gas (GHG)
measurements (CH, and CO;) using manual chambers. Due to the complexity of the new study
site, two studies were conducted: One focusing on GHG concentrations and fluxes in
combination with nutrient release (Ponisch and Breznikar et al. 2023, Appendix 2); and another
in which we determined GHG seasonal balances and investigated the change in the methane-
and sulfate-cycling microbial abundances as well as in biogeochemical parameters (Gutekunst

et al. 2023, preprint, Appendix 3).
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Quantification of microorganisms using gPCR

Real-time quantitative polymerase chain reaction (QPCR) is a well-established standard
method to determine absolute abundances of microorganisms using specific target genes (e.g.
Heid et al. 1996). Unlike culture-based methods, molecular and culture-independent
applications are a fast and sensitive yet inexpensive tool to detect taxonomic groups even if
they occur in low abundances and in absence of their selective enrichment medium (Postollec
et al. 2011). A fluorescent dye (e.g. SYBR green) is used to mark the produced DNA during
the amplification process. The fluorescent signal correlates proportionally with the amount of
starting material and is measured once it passes the threshold cycle (Cy) above the
background signal (e.g. Nolan et al. 2006). The quantification of the initial concentrations of
the target DNA is possible when the fluorescent signal can be normalized with reliable standard
concentrations (Yergeau et al. 2010; Postollec et al. 2011). gPCR is a relatively simple tool
and a reliable proxy for cell densities of interest (Suzuki et al. 2000; Girguis et al. 2003; Girguis
et al. 2005). In addition, gPCR can complement other microbial assessments, such as
metagenomic sequencing, and can potentially correct experimental biases (Yergeau et al.
2010). However, a shortcoming of gPCR s that it provides a quantitative assessment only of
the groups that contain the specific gene of interest and therefore does not serve as a general
description of all occurring microorganisms (Nossa et al. 2010; Yergeau et al. 2010). Moreover,
gPCR is not suitable to distinguish between very closely related taxonomic groups that share
the same functional genes, such as methanogenic and methanotrophic archaea (Timmers et
al. 2017). For a descriptive overview of all present microorganisms and their identification,

DNA sequencing is necessary.

Qualitative analysis of microbial community composition using NGS

Next-generation sequencing (NGS) is an improved method for conducting parallel qualification
and quantification of microorganisms according to the order of nucleotides in certain genes of
the DNA. NGS is based on the classical Sanger sequencing (Sanger et al. 1977), yet was
shown to be less expensive and time-consuming (Behjati and Tarpey 2013). For microbial
molecular analysis, the 16S rRNA gene (Nossa et al. 2010; Klindworth et al. 2013) is often
targeted with specific primers that bind to the highly conserved regions and initialize DNA
synthesis via PCR amplification (Hall 2007; Shendure and Ji 2008; MacLean et al. 2009). The
resulting reads of the amplicon sequences are further clustered according to a fixed
dissimilarity threshold into either amplicon sequence variants (ASV) or operational taxonomical
units (OTU). While OTUs usually differ by 3 % between the sequencing reads, ASVs differ by
as little as one single nucleotide and therefore are preferable as the atomic unit of analysis
(Callahan et al. 2017). Using existing microbial databases (MacLean et al. 2009; Sayer et al.
2011), ASVs can be categorized into taxonomical suborders down to the genera or even

species level, if available. In order to also measure transcriptomic activity, it is possible to
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sequence microbial mMRNA after its conversion to complementary DNA (cDNA) via reverse
transcription and PCR (Weller and Ward 1989; van Vliet 2010).

Sampling peatlands for CO2 and CH4 concentrations and stable isotopes
There are several methods to sample pore water for DIC (CO2/H,CO3) and CH4 concentration
analysis. It is possible to extract pore water in the field or take peat samples and conduct the
extraction later in the lab. Pore water can be extracted in situ through syringe-induced
underpressure. If the syringe is connected to a stainless-steel tube (e.g. Popp et al. 1999;
Fiedler et al. 2008), which was placed at the desired depth in the peat column, the water can
be collected through holes atthe t u b lbades Alternatively, especially if the peat soil is too dry
for direct extraction, diffusion samplers, which are permanently installed until diffusive
equilibration is reached, can be used (Estop-Aragones et al. 2013). Pore water can also be
literally squeezed out of the soil (Frohlich et al. 1979) with, for instance, a hydraulic press
(Manheim 1966). In older publications, this latter method was used to determine total CO>
concentrations (Frohlich et al. 1979; Suess and Whiticar 1989). More recently, the squeeze
method was used to analyze other pore water variables such as salinity (specific conductivity)
or nutrient and ion concentrations (sulfate, chloride, nitrate etc.). CH4 and DIC concentrations
were measured using sampling of the gaseous phase above a conserved sediment plug of
distinct volume (Fiedler et al. 2008; Segarra et al. 2013; Unger et al. 2021). The gas contained
in the pore water or soil atmosphere can be extracted after it escapes into a created headspace
and is analyzed with a gas chromatograph (Popp et al. 1999). It is advisable to take an
additional undisturbed soil sample (Gosch et al. 2019) in order to determine the porosity of the
soil/peat (Segarra et al. 2013) for further concentration calculations (Worrall et al. 2005).
Similarly, the gas within the headspace can be used to measure stable isotopes such as G*C
in DIC and CHas. (Corbett et al. 2013; Uhlig and Loose 2017).

In addition to CH4 and DIC concentrations, the resulting G**C-CH4 and G*3C-DIC can provide
information about the biogeochemical processes occurring in the soil/pore water, such as CHa
and CO; production and consumption (e.g. Chasar et al. 2000; Knorr et al. 2008; Corbett et al.
2013; Meister et al. 2019). Generally, isotopic values result from a ratio of the isotope content
in a measured sample material in relation to the content in a defined standard material and are
therefore usually negative (Popp et al. 1999). Low values of G**C in CH4 or DIC show that the
measured gas is isotopically light and was most likely produced microbially, since
microorganisms prefer lighter substrates (Whiticar et al. 1986; Oremland 1988). Thus, if G*3C
in CH4 is strongly negative, the 3C depletion most likely resulted from methanogenesis, while
enrichment of *C in CH,4 could indicate that CH4 oxidation is occurring (e.g. Whiticar et al.
1986; Whiticar 1999). In contrast, DIC being enriched in 3C is likely a result of methanogenesis
(Whiticar 1999), and a depletion of *3C in DIC could indicate CO; production via CH4 oxidation
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(e.g. Whiticar et al. 1986; Uhlig and Loose 2017) or non-methanogenic CO; production (Knorr
et al. 2008; Corbett et al. 2013; Gutekunst et al. 2022). However, the interpretation is not

always straightforward as the above-mentioned processes can occur simultaneously.

Greenhouse gas measurements

To investigate the release and uptake of atmospheric CHs and CO;, a common method
besides the Eddy covariance technique (e.g. Baldocchi 2003; Guan et al. 2006) is measuring
using closed chambers (Livingston and Hutchinson 1995), which can be handled either
automatically (Goulden and Crill 1997) or manually. The increase in concentration over time
in the chamber headspace is used to estimate gas exchange rates between the ecosystem
and the atmosphere. Studies in terrestrial sites (e.g. Wang et al. 2010) and wetlands (Godwin
et al. 2013) show good comparability between gas fluxes measured using chambers and by
the Eddy covariance method. While the Eddy covariance technique provides long-term and
guasi-continuous data and is less labor-intensive, measuring using chambers allows to
determine spatial differences within the peatland (Lai 2009). This is relevant when investigating
a finer spatial resolution (Griffis et al. 2000) to, for instance, compare different subsites across
gradients of vegetation composition and cover, microbial community composition, stable
isotope ratios or gas concentrations in the pore water. Furthermore, micrometeorological
techniques such as Eddy covariance require a relative homogeneity of the study area and
stationary meteorological conditions (Kormann et al. 2001). Chamber measurements, in
contrast, are highly suitable for the comparison of different habitats and management practices
(Dalal and Allen 2008). While manual chambers require more labor to operate, automated
chambers, on the other hand, can be operated with less regular manual labor (Lai 2009), but
require a specialized technician for maintenance. Similar to the Eddy covariance method,
automated chambers are more costly and require more infrastructure than manual chambers.
Furthermore, manual chamber measurements are more flexible to handle and, thus, such
measurements tend to be more distributed in space (Savage and Davidson 2003) compared
to automated chamber measurements. In environments where water levels are high, the
chamber type can be adapted (Gunther et al. 2014) and floating chambers might be used
(Kohn et al. 2021) as reported from lakes (Maclintyre et al.,1995; Riera et al. 1999; Huttunen
et al. 2002; Huttunen et al. 2003). Floating chambers were shown to be as suitable as tracer
injections (Oviedo-Vargas et al. 2015; Oviedo-Vargas et al. 2016) and Eddy covariance
measurements (Podgrajsek et al. 2014). GHG concentrations were traditionally measured
using gas chromatography (Kammann et al. 2001). Nowadays, GHG concentrations can either
be measured using laser-based analyzers (e.g. cavity ring-down or off-axis integrated cavity
output spectroscopy (Brannon et al. 2016); tunable diode-laser absorption spectrometers
(Bergamaschi and Harris 1995; Werle et al. 2002)), Fourier transform infrared spectrometric

analysis (Griffith et al. 2002) or photoacoustic spectroscopy (Maier et al. 2022) in combination
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with sonic anemometers, as mostly used for Eddy covariance (Richardson et al. 2019).
Normally, a combination of several analyzers had to be used to cover the three most commonly
measured GHG (CO,, CH4 and N20). This was because the lower concentrations of CH4 and
N20O required higher accuracy and precision levels compared to higher atmospheric CO-
concentrations (Courtois et al. 2019). However, recent developments could enable the usage
of fewer devices that can measure all three gases in the future (Griffith et al. 2002; Maier et al.
2022).

Results and discussion

Chapter 1: Effects of brackish water inflow on methane- and sulfate-
cycling microorganisms
Baseline2014 Drought2018  Post-inflow Spring2019 Post-inflow Autumn2019
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Figure 2. Graphical abstract of Gutekunst et al. (2022) showing the development of CH4 and CO: fluxes (green
arrows; based on Eddy covariance measurements by Koebsch et al. (2020)), biogeochemical variables and
microbial groups (based on gPCR analysis) under different environmental conditions throughout time in three

different compartments (atmosphere, water, soil). See Appendix 1 for details.

In Gutekunst et al. (2022) we complemented the knowledge about the methane-related
biogeochemistry and microbiology of the previously studied coastal peatland Hitelmoor by
investigating the effect of brackish water inflow. Before the drained fen was rewetted with
freshwater and flooded in 2009, it was used for agriculture. In 2018, almost 10 years after
flooding, it experienced a severe drought, and then a brackish water inflow in 2019. We studied
the combined effect of drought and brackish water inflow on pore water CHs and CO;

production-consumption dynamics and the microbial community in the peat soil (Gutekunst et
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al. 2022). Our results were set into context with earlier findings from samplings in the reference
year 2014 and the drought year 2018 before the inflow (Fig. 2).

Low CHs emissions despite ongoing methanogenesis

Koebsch et al. (2020) measured a decrease in CH4 emissions as well as CO; uptake at the
ecosystem scale using Eddy covariance during the drought, and even more so after the inflow,
compared to measurements from the reference period, 2014 (Fig. 2). Interestingly, CH4 and
CO; concentrations in the pore water did indeed show a reduction after the inflow (Fig. 2), but
U'3C values still indicated ongoing methanogenesis instead of CH4 oxidation, in addition to
increased non-methanogenic CO, production (Gutekunst et al. 2022). Since the average
abundances of methanogenic archaea remained stable after the inflow, we concluded that
methanogenesis in the peat soil persisted despite an increase in abundances of sulfate-
reducing bacteria (SRB) (Fig. 2).

Drivers of observed CHs4 emission reduction not fully explained

The knowledge gap between ongoing CH4 production and reduced CH4 emissions could
possibly be explained with occurring methanotrophy. However, absolute abundances of
aerobic methanotrophs increased during the drought, but decreased after the inflow raised
water levels (Fig. 2). More specifically, the aerobic methanotrophic genera Methylocystis and
Methylosinus within the order Rhizobiales decreased, while representatives of the order
Methylococcales increased after the inflow. Additionally, and in contrast to expectations on the
basis of an earlier study, (Unger et al. 2021) anaerobic methanotrophs & especially those that
use sulfate as an alternative electron acceptor 8 were sparse (Gutekunst et al. 2022).
However, they are known to be slow growing and there might not have been sufficient time for
their establishment (Nauhaus et al. 2007; Holler et al. 2011; Knittel et al. 2018). Thus, we did
not detect any indicators of increased CH,4 oxidation, both in the pore water U**C-CH, or -DIC
values and in the microbial community composition. Therefore, it seems likely that CH,
oxidation must have happened at scale in the water column above the sampled peat soil, as
observed in lakes (e.g. Iversen et al. 1987; Smith et al. 1993; Eller et al. 2005; Crowe et al.
2011), and/or in the fresh litter at the bottom of this shallow water layer. Otherwise, the reasons
for the sharp drop in CH4 emissions (Koebsch et al. 2020) are hard to account for. Since we

did not sample the water column, this hypothesis remains to be tested.
Proximity to the Sea drives methanogenic communities and biogeochemical conditions

Aside from the temporal changes throughout the sampling years, we also saw spatial
differences along a sulfate concentration gradient at four locations in varying proximity to the
Baltic Sea. After the inflow, abundances of methanogenic archaea decreased at the location

furthest from the Baltic Sea, but remained stable at the locations in proximity to the Sea. The
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absolute abundances of sulfate-reducing bacteria (SRB) showed that brackish water affected
the entire transect, as SRB increased about two to three orders of magnitude at all four
locations compared to the reference year 2014 (Gutekunst et al. 2022). After the inflow,
locations closer to the sea tended to show higher specific conductivity (SC) and sulfate
concentrations in the surface water compared to further distant locations. The main ditch
divides the transect into paired locations that are exposed to rather similar conditions and likely
acted as a hydrological barrier for the surface water. The inflow event was, however, strong
enough to reach even the furthest locations, where SC and sulfate concentrations were also

higher after the inflow than before.
Drought affected the methanogenic communities, whereas inflow affected SRB

In contrast to the surface water, pore water measurements showed higher sulfate
concentrations (one order of magnitude) the farther away locations were from the Baltic Sea
(Gutekunst et al. 2022). However, at least one of the locations, which was hampered from
more intense seawater influence, had high sulfate concentrations even before the inflow and
therefore had similar levels of SRB abundances as the locations in closer proximity to the Baltic
Sea. The oxidation of existing sulfides during the drought (drought-induced salinization)
(Kinney et al., 2014; Chamberlain et al., 2020) may have contributed to or promoted the high
sulfate concentrations at this specific location even before the inflow. Here, most changes in
the methane-cycling community likely occurred earlier, during the drought already. This
included the increase of individual methanogenic orders such as Methanomicrobiales and
Methanobacteriales or the decrease of other methanogenic orders such as
Methanomassiliicoccales and Methanocellales. At this sulfate-rich location, the absolute
abundances of methanogens increased during the drought and decreased shortly after the
inflow. As the effect of the inflow diminished after a few more months, the abundances of
methanogens rose again and reached the high values that had already occurred during the

drought.

Depth dependency and variation were also important here, especially regarding the obligatorily
anaerobic methanogens: While they increased in depth layers below 5 cm, they decreased in
the surface peat during the drought and remained at the same level after the inflow. In contrast,
sulfate reducers only increased after the brackish water inflow. Thus, most likely, the sulfate-
cycling microbial communities were affected by both high drought-induced sulfate
concentrations (or the refilling of the depleted sulfate reservoir through the sulfate-containing
brackish water flooding where necessary) and by the re-establishment of anoxic conditions

after the inflow.
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Subsite sampling allowed to depictthes i t leefesogeneity

Overall, we found that the great heterogeneity across the separate locations and their
conditions made it very difficult to draw general conclusions regarding the drivers of the
observed reduction in CH, emissions. However, we were able to demonstrate the importance
of sampling along gradients and analysing different subsites. In addition, we saw the efficiency
and partly consensus/partly contradiction in the application of various methods along various
compartments including the soil, surface water and atmosphere. We also identified knowledge
gaps regarding the CH4 oxidation potential in the water column of inundated peatlands. For
instance, it would be interesting to study the abundances of aerobic and anaerobic
methanotrophs in the standing water above the peat that are attached to vegetation, fresh
plant litter or flowing freely in the water. Furthermore, measuring levels of stable isotopes (CH4
and CO,, but also deuterium) in the same compartment would allow to determine CH4 oxidation

and methanogenesis.

Chapter 2. Release of nutrients and greenhouse gases after brackish
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Figure 3. Graphical abstract of Pénisch and Breznikar et al. (2023) depicting the effects of rewetting with brackish
water on greenhouse gas exchange and nutrient export relative to the drained state of the fen and a theoretical
freshwater rewetted peatland. The figure is not included in the pdf version and thus in Appendix 2 and can be found
here: https://doi.org/10.5194/bg-20-295-2023.

In Ponisch and Breznikar et al. (2023), we published the first study addressing the gas and
nutrient exchange of the freshly rewetted coastal peatland Drammendorf. By actively removing
parts of the dike and channeling the opening, the polder area of the fen was flooded with
brackish water from the adjacent bay at the end of 2019 (Fig. 3). This formed a shallow bay at

the coastal peatland site due to strong subsidence in the drainage phase. Our measurements

28



Results and discussion

started a few months before rewetting, so we were able to document the vegetation period
before and during the first year of rewetting. The comparison between pre- and post-rewetting
conditions was drawn from the averaged summer and autumn periods of the two consecutive

years.
Rewetting kept CH4 emissions low, but the ditch remained a higher CHa source

After rewetting, CHa, fluxes increased significantly compared to before (Fig. 3) but were lower
than those of freshwater rewetted peatlands (Tiemeyer et al. 2020) and of shallow coastal
water in the Baltic Sea (Heyer and Berger 2000). High initial CHs emissions were likely
hampered by competitive inhibition of methanogenesis by other thermodynamically more
favorable biogeochemical processes such as sulfate reduction (Schonheit et al. 1982; Bartlett
et al. 1987; Achtnich 1995; Dar et al. 2008). In addition, CH4 may have been consumed after
production. This might be facilitated by the symbiotic consortia of methanotrophic archaea and
SRB, coupling CH4 oxidation and sulfate reduction and using sulfate as an alternative electron

acceptor in the process (Hoehler et al. 1994; Boetius et al. 2000; Orphan et al. 2001).

We investigated large parts of the studied fen with high sampling resolution along a transect,
which included the north-south running main ditch (Fig. 3). The transect constituted a moisture

gradient towards and across the ditch in its drained state and a water level gradient in its

rewetted state. We refer to the fully inundated sampling stations (after rewetting) asfif or me r

terrestrial s t a t i whereathe ditch simply increased its water levels. Pre-rewetting CH4
fluxes recorded during summer and autumn were, on average, about one order of magnitude
lower in former terrestrial stations compared to the ditch stations (Pdnisch and Breznikar et al.
2023). Drainage ditches are often hotspots of high CH4 emissions, possibly as a result of their
past agricultural management (Schrier-Uijl et al. 2008), plant colonization (Cooper et al. 2014)
or DOC, nitrate and sulfate concentrations (K6hn et al. 2021). In our study, CH4 emissions
from the main ditch were comparable to the emissions of a ditch in a dry percolation fen (K6hn
etal. 2021). After rewetting, average CH4 emissions from the ditch in our study did not increase
significantly, while CHs emissions from the ditch in the rewetted site of the mentioned
freshwater influenced percolation fen was tremendously higher compared to its dry counterpart
(Kohn et al. 2021). Although CH4 emissions from locations that were under drained conditions
before rewetting increased by one order of magnitude, they stayed well below those from the
ditch after rewetting (Pdnisch and Breznikar et al. 2023). Therefore, to mitigate CH4 emissions,
it is important not only to consider the type of water used for rewetting, but also the s i t

management history, even if the land is no longer in use.

During first post-rewetting summer CHs concentrations in the peatland were higher than

those in the adjacent bay despite frequent peatland-bay exchange

29



Results and discussion

We found that the dike opening caused frequent water-level-driven exchanges between the
now inundated peatland and the adjacent bay (Fig. 3). In the first year after rewetting, surface
water temperature, salinity and oxygen saturation were similar at the measurement stations
inside and outside of the peatland. Also, within the water column above the peat, there were
no significant differences of temperature and salinity between surface and bottom water,
suggesting vertical exchange and mixing. However, in summer, local gradients of oxygen
saturation were established, pausing the mixing temporarily (P6nisch and Breznikar et al.
2023).

We also measured CH4 concentrations and the partial pressure of CO; (pCOy) in the surface
water column throughout the first year after rewetting. Directly after rewetting, CH4
concentrations in the peatland and the adjacent bay were low during the winter, possibly
partially due to the temperature dependency of methanogenesis (Dunfield et al. 1993). In
spring and summer, CH4 concentrations increased in particular in the peatland, so that
differences to the bay were significantly higher (P6nisch and Breznikar et al. 2023). Most likely,
methanogenic microorganisms benefited from the increase in temperature and the newly
formed organic matter (OM), as indicated by higher chlorophyll U concentrations (P6nisch and
Breznikar et al. 2023). Hence, methanogenesis was not limited by substrate availability since
there was ample dead biomass available from the large-scale die-back of terrestrial plants
after the flooding (Bossio et al. 1999; Dalal and Allen 2008).

CO: fluxes remained constant after rewetting and pCO:z peaked in summer

CO: fluxes decreased in amplitude after rewetting, but average values remained similar to the
drained state (Fig. 3, Ponisch and Breznikar et al. 2023), which was unexpected given the
large cuts in CO2 emissions reported after peatland rewetting (van de Riet et al. 2013; Cui et
al. 2017; Tiemeyer et al. 2020). In the surface water, pCO, decreased when plant productivity
exceeded the rate of decomposition in spring, following an initial increase of pCO. directly after
rewetting. Plant productivity most likely benefited from the high nutrient availability (P6nisch
and Breznikar et al. 2023). When oxygen oversaturation in the surface water shifted to
undersaturation in summer, pCO, reached maximum values that were significantly higher in
the peatland compared to the adjacent bay. Presumably, the decomposition of instantaneously
available organic substrate derived from submerged plant residues (Glatzel et al. 2008; Hahn-
Schofl et al. 2011) also contributed to this observed increase in pCO- values. Decomposition
via non-methanogenic as well as methanogenic CO- production (Bange et al. 1998; Heyer and
Berger 2000), and partly also (aerobic) CHs; oxidation (Dunfield et al. 1993; Whalen and
Reeburgh 1996), was most likely fueled during warmer temperatures. Most probably,
therefore, pCO; decreased parallel to surface water temperature decrease in autumn (P6nisch
and Breznikar et al. 2023).
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Rewetting induced N nutrient release in the short-term

The rewetted peatland acted as a nutrient source, exporting dissolved N nutrients (DIN-N) and
PO.-P into the adjacent bay and farther (Fig. 3), especially in the winter that directly followed
the rewetting. In the adjacent bay, all N nutrient (NH4*, NO2>", NO3) concentrations increased
substantially in winter shortly after rewetting compared to before rewetting, while phosphate
concentrations increased only slightly. Most likely, mineralization of organic material followed
by nitrification caused nutrient concentrations to increase after rewetting (Voss et al. 2010).
Pore water nutrient concentrations were one order of magnitude higher than in the surface
water, supporting the hypothesis of nutrient leaching (Breznikar et al. 2022). However, the N
nutrient concentration increase in the bay was not statistically significant and leveled out in
spring and summer post-rewetting (Ponisch and Breznikar et al. 2023). Phototrophic plants
and phytoplankton probably benefited from the high availability of nutrients during this period,
as indicated by higher chlorophyll U concentrations, leading to a consumption and thus
reduction of these nutrients (Ponisch and Breznikar et al. 2023). Overall, the adjacent bay
showed significantly higher nitrate and nitrite concentrations shortly after rewetting compared
to a monitoring station farther towards the Baltic Sea and likely outside the influence of the
peatland. The differences leveled out in spring but returned in summer and autumn (Pdnisch
and Breznikar et al. 2023).

Assumed reduction of N2O emissions after rewetting

Rewetting likely led to a substantial reduction in N.O emissions (Fig. 3) similar to those
observed in natural undrained peatlands in temperate regions (Dalal and Allen 2008).
However, this reduction remains an assumption since N2O fluxes, which were based on N,O
concentrations in the surface water, could not be measured before rewetting. In its drained
state before rewetting, the peatland was most likely a much larger source of N2O, as described
by Tiemeyer et al. (2020), who estimated that organic soils used as grasslands emit on
average 4.6 kg ha' a?l (approximately 0.05 mg m?2 h?). Similar to nutrient and N.O
concentrations, N2O fluxes rapidly decreased to zero following an initial peak shortly after
rewetting. Flooding-related N.O pulse emissions were reported to exceed the annual level by
approximately 2.5 % and were attributed to the high nutrient concentrations, especially NOs’
(Jargensen and Elberling 2012). Goldberg et al. (2010) described an increase of NO
emissions after an experimental site experiencing a simulated drought in a minerotrophic fen
was rewetted by flooding. Both studies confirmed the dwindling N.O emissions after the initial
peak post-rewetting, similar to what we saw in our study site (P6nisch and Breznikar et al.
2023). Presumably, the initial increase after rewetting was followed by N>O consumption in

anoxic zones within the peat. Windham-Myers et al. (2018) recorded net negative N»O fluxes
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in a freshwater influenced flooded coastal wetland. However, more research on the influence

of brackish water on N>O emissions is necessary, but the subject is not part of this thesis.
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Figure 4. Graphical abstract of Gutekunst et al. (2023, preprint). The effects of rewetting a coastal fen with brackish
water on atmospheric CH4 and COz fluxes, CH4 and CO2 concentrations in the peat soil as well as on the absolute
abundances of methane- and sulfate-cycling microorganisms. CHs4 concentrations, and therefore most likely
methanogenesis, increased in the peat soil. While CH4 emissions also increased, they remained lower than those

from freshwater rewetted fens.
Rewetting prevented high CH4 peaks and ongoing peat mineralization

Together with colleagues, | conducted a follow-up study (Gutekunst et al. 2023, preprint) to
Pdnisch and Breznikar et al. (2023) in the same coastal fen that was rewetted with brackish
water in the autumn of 2019. Based on the GHG fluxes shown in Pdnisch and Breznikar et al.
(2023), we derived CH4 and CO, seasonal balances for the sampled vegetation period of the
year before and after rewetting, respectively. Additionally, we investigated the effect of
rewetting by inundation on the methane- and sulfate-cycling microbial communities as well as
on the CH, production-oxidation dynamics in the peat. We used the same transect described
in PAnisch and Breznikar et al. (2023). The seasonal balances confirmed that CH, emissions
from the formerly drained peatland area increased significantly (Fig. 4, extracted from
Gutekunst et al. 2023, preprint), but remained below the levels of freshwater rewetted fens
(Tiemeyer et al. 2020). Accordingly, pore water CHs concentrations and abundances of

methanogenic archaea increased overall as a consequence of anoxic conditions, while
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abundances of aerobic methanotrophic bacteria decreased (Fig. 4). The isotopic analysis also
confirmed that methanogenesis was more prevalent compared to aerobic CH, oxidation at
most subsites. However, we also found indicators of CH4 oxidation in subsites where sulfate
levels were high even before rewetting. Additionally, although the peatland continued to emit
CO; after rewetting (Fig. 4), peat mineralization most likely stopped since we observed a strong

reduction in ecosystem respiration (Gutekunst et al. 2023, preprint).
Pre-rewetting brackish water exposure was regulated by the ditch

Rewetting with brackish water from the adjacent bay caused increases in the water level,
specific conductivity (one order of magnitude) and chloride concentrations (13-fold) of the
surface water (Gutekunst et al. 2023, preprint). Surface water sulfate concentrations, however,
did not increase, but were already relatively high prior to rewetting. The surface water SO4/CI
ratio, in contrast, decreased from 0.8 to 0.05, approaching the water stoichiometries of the
Baltic Sea of 0.07 (Rheinheimer 2013). Vertical infiltration of the incoming brackish water into
the peat was also measured by increasing specific conductivity and chloride concentrations in
the groundwater (Erwin Racasa, personal communication). However, sulfate concentrations in
the groundwater were already high before rewetting and turned out to be highly oscillating after

rewetting (Erwin Racasa).

Interestingly, pre-rewetting sulfate concentration levels differed between the two sides of the
north-south oriented ditch, suggesting the ditch may have functioned as a hydrological barrier
against incoming seawater. The influence of seawater containing high sulfate concentrations
seems to have been much stronger on the western (seawards) side of the ditch, while the
eastern (landwards) ditch side was more exposed to freshwater from the catchment area or
rainwater with lower sulfate concentrations, before rewetting took place. These pre-rewetting
biogeochemical conditions had an impact on the establishment of methane- and sulfate-
cycling microorganisms and, therefore, also affected resulting CH4 production and emissions.

Therefore, the role the ditch side will be discussed in more detail in the following paragraphs.

Increase of methanogens and SRB was strongest on the freshwater-influenced

landward side

After rewetting, abundances of methanogens increased mostly in the upper surface layers of
the landward ditch side, but also on the newly inundated seaward side. Additionally, the
abundances of the sulfate-reducing bacteria (SRB) communities increased along the entire
transect, but increase was strongest on the landward side, especially in the surface peat (Fig.
4). Confirming the high pore water sulfate levels prior to rewetting, SRB were the most
abundant group among all investigated microbial communities. Before rewetting, SRB

abundances were highest in the ditch and lowest at the landward elevated location (Fig. 4).
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The lack of anoxic conditions and/or the presence of sulfate probably caused the drained
locations to hardly emit any CH4 prior to rewetting, except for the ditch. Although CH4 emissions
remained low after rewetting, it is however interesting to take a closer look at the different pre-
rewetting biogeochemical conditions facilitating or preventing CH4 emissions and production
along the transect. Among the drained locations, the highest CH4 emissions before and after
rewetting were measured at the landward location that was neither situated on the sulfate-rich
seaward side of the ditch nor was highly elevated (Fig. 4). After rewetting, methanogens and
methanogenesis seemed to play an increasingly important role despite the high prevalence of
SRB. This is most likely a result of the re-establishment of anoxic conditions under high water
levels (Glatzel et al. 2004; Basiliko et al. 2007; Rey-Sanchez et al. 2019). However, it is likely
that the high availability of sulfate acting as a terminal electron acceptor during anaerobic
organic matter decomposition (Wieder et al. 1990; Bhattarai et al. 2017; Lackner et al. 2020)

prevented high CH. production and/or emissions.

Aerobic methanotrophic bacteria decreased and probably do not explain the occurring

methane oxidation

Our analyses of the reactions of biogeochemical processes in the soil to rewetting showed that
methanogenesis was more prevalent than CH, oxidation, especially on the landward side and
within the ditch. On the seaward side, however, G'3C-analysis indicated CH4 oxidation, which
does not exclude methanogenesis to occur as a preceding process of course. Interestingly,
CH4 emissions at the seaward side were comparable to those on the landward side despite
higher pre-rewetting sulfate levels and indicators of CH, oxidation. A theory to explain the
similar CH4 emissions could be that CH4 oxidation might have also occurred on the landward
side, but notin the peat soil. As discussed in Gutekunst et al. (2022, Appendix 1), CH4 oxidation
might also be possible in the water column above the inundated soil, but this was outside the
scope of our study in both cases. Unlike in Hitelmoor, where anaerobic CH4 oxidation was
possibly enabled by sulfate, in Drammendorf the highly oxygenated water column might have

even allowed for aerobic CH,4 oxidation.

In addition, the observed pore water CH4 oxidation on the seaward side most likely was not
driven by aerobic methanotrophs, which decreased in abundance at all locations along the
transect following rewetting, except at the elevated locations on the landward side. These
locations, which fall dry more often than the rest of the transect, showed the lowest post-
rewetting CH,4 emissions. While the possibility that the occurring CH,4 oxidation on the seaward
side was condutcted by anaerobic methanotrophic archaea (ANME) has to be considered, our
study did not include the respective abundance analysis. ANME form consortia with SRB

(Hoehler et al. 1994; Hansen et al. 1998) and are therefore more likely to occur in areas where
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high sulfate concentrations could enable faster establishment of these slow-growing

microorganisms (Nauhaus et al., 2007; Holler et al., 2011; Knittel et al., 2018).
Lack of photosynthetic CO2 uptake causes high CO2 emissions after rewetting

Similar to CH4, CO; emissions (net ecosystem exchange: NEE) were highest on the landward
side of the ditch, while the seaward side was a slight sink prior to rewetting. Surprisingly, after
rewetting, CO, emissions increased on the seaward side of the ditch but decreased on the
landward side, except at the elevated locations, where NEE remained relatively high (Fig. 4).
It should be noted that the usage of the terms fi Gourceoand fi Ginkodin this study (Gutekunst
et al. 2023, preprint, Appendix 3) are derived from modeled estimates and should give an
impression of the tendencies of CO, fluxes in comparison between before and after rewetting.
A more detailed discussion about pre-rewetting CO, storage/release potentials can be found
in the synthesis (see sectioni St deasign! i mi t aThe umexEectedly high CO, emissions
post-rewetting were also confirmed in pore water CO; concentration measurements and are,
thus, together with the results of the G*C-analysis, an indicator of increased CO, production.
CO_ was likely produced via acetoclastic methanogenesis (Whiticar et al. 1986; Chasar et al.
2000), anaerobic soil decomposition (Knorr et al. 2008) and also, to a small degree, from CHa
oxidation (Whiticar et al. 1986). Due to the clear reduction in ecosystem respiration and the
severe die-back of vegetation along the whole transect, we concluded that the increase in CO-
production more likely resulted from decaying fresh plant material (Hahn-Schofl et al. 2011)
than from ongoing peat decomposition. In addition, the lack of CO; uptake through a reduction
in photosynthesizing plants could also explain the increase in CO, emissions (Koebsch et al.
2013a).

Synthesis

In the synthesis, | will not focus on the specifics of the individual study sites but identify and
discuss emerging outcomes and patterns that may be relevant to similar study sites or even to
the process of rewetting coastal peatlands in general. First, however, | will come back to our
initial hypotheses and discuss the findings that were most surprising to us since they did not
meet our expectations. In the flLessons learned sectiong | will briefly mention the limitations
and shortcomings of the field studies and subsequent analyses. In the next chapter, | discuss

the subject coastal rewetting more broadly and present consequent management options.

My colleagues and | hypothesized (see original hypotheses in fi A iofithist h e sandgig. 5)
that methane (CH.) production decreases following increased sulfate concentrations during
brackish water inflow in the freshwater rewetted coastalfenii H ¢ t e |. lmwes €Ha emissions
may be a consequence of lower CH4 production due to occurring competition between sulfate-

reducing bacteria (SRB) and methanogens and/or a result of CH4 oxidation (Hyp. 1i 3). In the
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newly brackish water rewetted coastal fen i Dr a mme wealexpedtedl CH4 emissions would
be substantially lower than in freshwater rewetted fens, because of the higher sulfate loads
(Hyp. 4+5). We expected these effects to be reflected in the microbial abundances and
biogeochemical processes (Hyp. 4). Hence, rewetting with brackish water might prevent
initially high CH4 production/emissions despite rising water levels and the creation of anoxic
conditions. In contrast, we expected CO, emissions from the formerly drained peatland

Drammendorf to decrease sharply following rewetting (Hyp. 6).
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Figure 5. Expected responses of CHs and CO: fluxes, methane- and sulfate-cycling microorganisms and
biogeochemical conditions to brackish water influence (blue) in two investigated coastal fens: Drammendorf, a
recently rewetted fen with brackish water and Hutelmoor, an initially freshwater rewetted fen, which experienced a
drought and a brackish water inflow in two consecutive years. The main scheme depicts the expected reactions of
CH4 emissions (and CO: fluxes in the case of Drammendorf). The right side lists the increase/decrease (for pre-
and post-rewetting comparison) or the presence/low occurrence of the underlying microbial and biogeochemical
factors driving the CH4 fluxes in particular. ANME stands for anaerobic methanotrophic archaea. Please find the
corresponding hypotheses describing our expectations in the sections fi A iofnthist h e snds$nahis synthesis in a

summarized version.

Our observations (Fig. 6) confirm Hyp. 1 and Hyp. 4, as both sulfate levels and SRB
abundances did indeed increase in both investigated fens. In addition, the increase of SRB
abundances in Drammendorf most likely prevented high abundances of methanogens, as
expressed in the second part of Hyp. 4. However, low CHs emissions after rewetting in
Drammendorf could have also resulted from CHs oxidation in parallel to reduced CH4
production (Fig. 6). Since we measured CH,4 oxidation, we were able to confirm Hyp. 5. In
contrast, we did not see any indicators of CH4 oxidation or an increase of (sulfate-dependent)

anaerobic methanotrophs in Hutelmoor (Hyp. 3). Hence, Hyp. 2 and Hyp. 3 had to be rejected
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because the observed decrease in CH4 emissions in Hutelmoor (Koebsch et al. 2020) was not
driven by CH4 oxidation, nor induced by lower CH,s production and lower methanogenic
abundances in the soil. Here, we revealed a blind spot (Fig. 6, red flash) that requires further
investigation, to clarify whether CH,4 oxidation might happen in the standing water column
above the peat soil, which was not included in our measurements. Furthermore, Hyp. 6 could

not be confirmed since we observed ongoing high CO, emissions in Drammendorf.
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Figure 6. Actual measured short-term responses of CHs and CO: fluxes, methane- and sulfate-cycling
microorganisms and biogeochemical conditions to brackish water influence (blue; inflow in the case of Hitelmoor
and rewetting in the case of Drammendorf) in the two investigated coastal fens. Gas flux estimates are based on
annual Eddy covariance measurements (Hutelmoor) and seasonal (summer and autumn) manual chamber
(Drammendorf) measurements. The main identified contributing factors of CH4 and CO: fluxes are listed on the
right side. Please note that photosynthesis (gross primary productivity) was not measured in Drammendorf but

estimated according to GPP = NEE + Reco for schematic visualization.

Lessons learned

Brackish water affected sulfate-reducing bacteria which in turn affected
methanogenic communities

In both investigated fens, the brackish water input caused high abundances of SRB, while
methanogens were mostly affected by the water level, which varied between the fens. For
SRB, it did not matter, whether a freshwater rewetted fen experienced a brackish water inflow
in which they were able to thrive, or whether brackish water rewetting was applied to a drained
fen directly. Their establishment was relatively quick and clearly related to the input of brackish

water (see Gutekunst et al. 2022, Appendix 1 and Gutekunst et al. 2023, preprint, Appendix
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3). However, SRB were also affected by the establishment of anoxic conditions and increased
after rewetting, even though before rewetting they were the most dominant among all
investigated microbial groups in Drammendorf due to high sulfate levels (Gutekunst et al. 2023,

preprint, Appendix 3).

In contrast, the response of the methane-cycling community largely depended on the water
level. In the freshwater rewetted fen Hitelmoor, the drought caused methanogen abundances
to decrease in the surface soil but did not show a further distinguishable reaction to the
brackish water inflow (Gutekunst et al. 2022, Appendix 1). However, it seems possible that the
brackish water inflow caused CH4 oxidation to occur in the water column above the peat soll,
leading to net reduced CH4 emissions. In the brackish water rewetted polder Drammendorf,
the abundances of methanogens were mainly affected by the increasing water levels and the
consequent anoxic conditions, and increased despite the dominance of SRB (Gutekunst et al.

2023, preprint, Appendix 3).

Hence, the assumption that sulfate introduction will prevent methanogenesis does not apply
to the direct pre- and post-rewetting comparison, but only holds true for the comparison of
brackish water inflow into a freshwater rewetted peatland such as Hutelmoor. The impact of
sulfate in a freshly rewetted peatland, which is compared to its drained counterpart, results in
the activation of anaerobic SRB and also of methanogens, causing both communities to

increase due to the induced anoxic conditions (Gutekunst et al. 2023, preprint, Appendix 3).

However, absolute abundances of methanogens probably would have been much higher if the
fen in Drammendorf had been rewetted with freshwater as opposed to brackish water, as
shown in Well et al. (2020). Thus, for methanogens it might make a difference whether they
are able to establish in a freshwater rewetted fen and get occasional competitors or whether
competitors are present from the beginning. In addition, the presence of sulfate was most likely
responsible for the observed CH,4 oxidation in the peat soil at one subsite and the assumed

CH. oxidation above the peat soil at others.

Therefore, the occurrence of methanogenesis and the prevention of high CH4 emissions are
both part of brackish water rewetting. Further monitoring is needed to document the
development of SRB and the methanogenic community and the potential onset of competition
between them when substrate is scarce. Also, monitoring of CH4 emissions and their drivers
should involve sampling for anaerobic methanotrophic communities and should include the

standing water column.

Plants matter as a mean to reduce CO; emissions
Flooding with freshwater between 2009 and 2010 maintained the CO; sink of Hitelmoor, which

was rewetted slowly after drainage was stopped in 1992 (Koebsch et al. 2013a). However, the
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change from moderately rewetted (2009 and before) to flooded (2010 and onwards) led to a
slight decrease in CO; net storage (Koebsch et al. 2013a). The drought in 2018 caused a
short-term opportunity for boosted CO; sequestration and was most likely due to the increased
spread of fast-growing pioneer species on the normally inundated peat soil (Koebsch et al.
2020). After the drought, similar to after the flooding (Koebsch et al. 2013a), both ecosystem
respiration and photosynthesis decreased in Hitelmoor, resulting in a shrinkage of the CO»

flux amplitude but a similar net CO; uptake (Koebsch et al. 2020).

The CO: flux patterns after the drained fen in Drammendorf was rewetted resemble those that
occurred post-drought in Hitelmoor (Fig. 5). In both cases, ecosystem respiration, which was
most likely dominated by peat decay during dry conditions, was reduced after rewetting, along
with a decrease in photosynthetic uptake due to plant die-back. However, an important
difference between a drought-affected, but (freshwater-) rewetted fen and a drained fen seems
to be that the previous rewetting already established a CO;, sink through a functioning
vegetation community and peat mineralization was stopped by the creation of anoxic

conditions.

The die-back and consequent lower CO; uptake by the non-adapted plants that grew during
the drought in Hutelmoor was marginal compared to the variety of established plants. The
polder Drammendorf, in contrast, lost most of its vascular vegetation after the brackish water
input and remained a CO- source in the first year post-rewetting. This may be due to: 1) The
lack of CO, uptake by plants which outweighed the prevention of peat decomposition, and 2)
the decomposition of excess plant material. In order to test these hypotheses, future
investigations in sites with comparable post-rewetting conditions would have to include
measurements of photosynthetic activity. Potentially one could also clarify whether the emitted
CO: resulted from fresh plant material or from older peat mineralization using radiocarbon (*4C)
analysis (Hardie et al. 2009; Leith et al. 2014; Bader et al. 2017).

Study design limitations

As mentioned in the section fLack of photosynthetic CO, uptake causes high CO, emissions
after rewettingdin chapter 3, a discussion of the terms fiC sinkdand i Gourceodas used in this
thesis might be necessary. Sink and source estimates described in Drammendorf (Gutekunst
et al. 2023, preprint, Appendix 3) did not take the harvest for livestock fodder production and
direct livestock consumption before the rewetting into account. The carbon stored in harvested
plant tissue is not accounted for, when it is removed from the site and is released as CO:
elsewhere in the short-term (Hollinger et al. 2005). Therefore, net primary productivity has to
be corrected for the exported biomass in order to receive the net ecosystem carbon balance,
according to Ciais et al. (2010) and Smith et al. (2010). In the case of the study site
Drammendorf (Gutekunst et al. 2023, preprint, Appendix 3), therefore, it is possible that the
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pre-rewetting CO; sink function as observed from static chamber-based measurements on the
seaward side of the ditch is overestimated, and might not even be a sink when subtracting the
exported carbon from the harvest. In turn, CO; release at subsites that were identified to be
CO- sources before rewetting might have been even stronger, and emissions are likely

underestimated.

Furthermore, as discussed in Gutekunst et al. (2023, preprint, Appendix 3), CO- uptake after
rewetting was likely underestimated due to missing transparent chamber measurements.
Here, a trade-off between rapid manufacture of functional measurement equipment under
inundated conditions and comparable sampling techniques between pre- and post-rewetting
had to be accepted. In particular, this affected the CO, uptake on the seaward side, where
transparent measurements after rewetting were no longer possible due to higher water levels
compared to the other ditch side. On the seaward side, the net ecosystem exchange (NEE)
had to be modeled using a fit with measured ecosystem respiration fluxes. Ideally, a larger
proportion of measurements should have been conducted with transparent floating chambers,
especially on the seaward side of the ditch. However, despite these spatial differences in NEE
data availability, it was still possible to detect trends in the development of CO, and also CH4

fluxes in Drammendorf for comparison with Hitelmoor (Fig. 6).

In contrast, drawing general conclusions for an entire peatland when investigating small-scale
subsites along a far-stretched transect like in Hutelmoor proved to be difficult. The spatial
differences and local microhabitats, especially in Hutelmoor, varied widely, and
microorganisms and local biogeochemical processes were sometimes hard to match with
atmospheric GHG fluxes on the ecosystem scale. Likewise, in Drammendorf, different pre-
rewetting biogeochemical conditions & particularly in terms of sulfate concentrations on the
two ditch sides 8 had to be neglected to draw an over-arching bigger picture as shown in Fig.
6. In addition, the influence of other contributing factors, such as the preceding drought or the
general pre-rewetting and post-rewetting history of a peatland, was often not clearly
distinguishable from the actual subject of the studies and this thesis: The effect of brackish

water.

Along with the spatial and temporal differences of the studied subsites, another challenge
appears to be the merging of different methodologies. Some results from one discipline of our
interdisciplinary research approach did not explain the patterns observed in a different but
connected methodology. For instance, we observed ongoing indicators of methanogenesis in
Hutelmoor with G'3C-CH,4 analysis, but saw a reduction in CH4 concentration measurements.
In addition, overall CH4 emissions strongly decreased, as reported in Koebsch et al. (2020),
which led to a contradiction with the findings of the G*3C-CH, analysis, as indicated by the red

error flash in Fig. 6. Although most findings did complement and supported each other, in the
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mentioned example we had to rely on processes outside the scope of our study for a plausible
explanation. In both Hitelmoor and Drammendorf, additional sampling of the standing water
above the peat surface would have been useful. This would have enabled us to address the
full continuum between the soil processes and microorganisms on the one end, and the

atmospheric fluxes on the other.

Our measurements from the first year under brackish water influence in the investigated fens
only represent the beginning of a long-term (learning) process. Further monitoring and
research beyond these first insights of future development is necessary and will also help to
resolve the remaining questions from the work presented here. For example, further research
could include a more intensive analysis of the changes in the microbial community in
Drammendorf. NGS sequencing could be useful to reveal a clearer picture of the underlying
metabolic processes and CH. fluxes. However, due to the high complexity of the included data

and time-related reasons, we did not conduct a more detailed microbial identification.

Coastal rewetting management

In general, restoration is often achieved by removing the factor causing environmental
degradation (Benayas et al. 2009). The rewetting of peatlands by stopping drainage and
increasing the water level, does not necessarily fully restore ecosystem services and the
pristine vegetation (Koch et al. 2017; Kreyling et al. 2021). In addition, the extent to which
trade-offs have to be accepted to accommodate different peatland restoration goals (e.g., GHG
emission reductions and habitat requirements for wildlife as well as vegetation in the same
ecosystem) has scarcely been studied (Hahn et al. 2015; Renou-Wilson et al. 2019). However,
the evaluation of trade-offs is sometimes needed even when only considering the aim of GHG
emission prevention in freshwater-influenced peatlands. The benefit of stopping sustained CO-
emissions from drained peatlands is offset by the risk of initially high CH4 emissions after
rewetting. The motivation of this thesis was to try to resolve this conflict by studying whether
high CHs emissions can be avoided when brackish water is used for coastal peatland

rewetting.

It is important to note that conclusively determining the success of GHG emission reduction
from the two studied fens, especially the recently rewetted Drammendorf, is not possible at
this point in time. Here, short-term effects of brackish water rewetting were analyzed, on the
basis of which | will try to provide hypotheses regarding the f e nfigtider development. In a
way, Hitelmoor and Drammendorf reached the same outcome in regard to their CH4 emissions
by taking two different restoration management pathways. However, the rewetting approach
might matter in terms of duration and resilience of the new system. In collaboration with
colleagues, | depicted two fens that are situated on both ends of a spectrum in terms of

brackish water influence. In order to visualize the factors that affected the f e nG$1G balances,
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I summarized the findings of our publications in a scheme (Fig. 6). In a resulting conceptual
model (Fig. 7), | emphasized aspects that can be influenced by human activity, so they can
serve as leverage points for management application. | will describe three leverage points that
seemed key to me in this regard: The water type used for rewetting (freshwater vs. brackish
water rewetting), the frequency of brackish water input and flooding intensity.

Drained coastal
peatland

Water type Freshwater Brackish water
rewetting rewetting
Frequency of — va
brackish water s

L )

Potential GHG
emission High CH, Medium CH, Medium CH,? Low CH,? Low CH,
responses CO, sink CO, sink CO, sink? CO, neutral? CO, source

Brackish water influence

influence . !
Occasionally Regular Permanent

Flooding
intensity

Figure 7. Conceptual model of coastal peatland management depicting potential short-term responses of CH4 and
CO2 emissions according to three different leverage points: The water type used for peatland rewetting, the
frequency of brackish water input and the flooding intensity. The grey boxes represent the scenarios as observed
in the studied field sites (from left to right): Hitelmoor in freshwater rewetted state, Hitelmoor after rewetting and
brackish water input (without the drought) and Drammendorf in its brackish water rewetted state. The orange and
green pathways show potential management applications, that could result in overall lower emissions of CHs and
CO2. The question marks exemplarily represent unknown scenarios and indicate unknown outcomes regarding
GHG emission responses. Please note that the model visualizes immediate possible GHG responses shortly after

rewetting would be conducted, not long-term effects.

Brackish water input vs. brackish water rewetting

We saw that brackish water rewetting resulted in lower CHs emissions, whereas freshwater
rewetting of Hutelmoor, unlike Drammendorf, successfully turned the fen into a CO; sink. It is
very difficult at first sight to point out which of the two fens was more successful in terms of
GHG prevention. On the one hand, we have the freshwater rewetted fen Hutelmoor, which
experienced brackish water inflow about 30 years after active drainage was stopped and 10
years after freshwater-flooding. On the other hand, there is the initially brackish water rewetted
Drammendorf, with comparably low CHs4 emissions but ongoing high CO. emissions. Of
course, one difficulty arises from the fact that the post-rewetting period differs greatly among

the fens. In its long rewetting process and further post-rewetting history, Hitelmoor had much
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more time to experience further exposures such as the drought. Due to the short time between
the drought and the brackish water inflow, it is hard to disentangle the effect of the drought

from that of the inflow.

Using a comparison with the freshwater rewetted riparian fen i Z a r n e(Koebsah et al.
2020), which did not experience a brackish water inflow, depicts the severity of the 2018
drought very well: The brackish water inflow into Hitelmoor was followed by a reduction in CH4
emissions from 53.6 g m? a* during the drought year 2018 to an average of 8.91 g m? a* after
the inflow in 2019 (Koebsch et al. 2020). While CH, emissions in Hutelmoor dropped by 22 %
during the drought year, they dropped 87 % in 2019 compared to the reference period 2014-
2017. This was mainly attributed by Koebsch et al. (2020) to drought conditions leading to
decreasing water levels from an average of 0.6 m above towards surface level (Unger et al.
2021) and below (Koebsch et al. 2020). This effect apparently lingered in 2019. In the same
region in Zarnekow, the drought decreased CH, emissions by 16 %, most likely due to less
severe water level decline during the drought compared to Hitelmoor (Koebsch et al. 2020).
Interestingly, in 2019, CH4 emissions in Zarnekow decreased further by about 60 %, although
the fen was never affected by brackish water (Koebsch et al. 2020). Therefore, a strong legacy
effect of the drought in the following year, in addition to the inflow of brackish water, might have
contributed to the reduction in CH4 emissions in Hitelmoor. In a way, the drought reset the
hydrological status of Hutelmoor and, thus, the site experienced something like a second
rewetting after the inflow, but this time with a brackish water/freshwater mixture. Therefore,

Hutelmoor might not be a typical example for a freshwater rewetted fen.

A direct comparison between freshwater and brackish water influence appears possible in
Drammendorf, when looking at the ditch: Ditch CO;, emissions under freshwater influence
(before rewetting) were low compared to drained stations outside the ditch, due to its wet status
(Teh et al. 2011). During the sudden rewetting, the ditch experienced a tremendous die-back
of plants that were actually adapted to inundation. It is unclear whether the salinity (Batistel et
al. 2022) or the strongly oscillating, partly very high, water levels and waves finally killed the
vegetation (van der Putten 1997) and did not allow new vegetation development. After
rewetting with brackish water, CO, emissions from ecosystem respiration decreased. So, the
brackish water influenced ditch is a smaller CO, source compared to the freshwater influenced
ditch, even though it was wet before. However, the contribution to CO; uptake either by the

previously existing plants or phytoplankton remains unknown.

Interestingly, brackish water influence could lower CH4 emissions in the ditch slightly, but not
significantly. Also, methanogens and SRB abundances in the ditch in Drammendorf did not
change drastically, confirming the trends in the CHs fluxes. Process-wise, the ditch in

Drammendorf might resemble the situation in Hutelmoor. However, the ditch is a different
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system, very much trapped in its old purpose with high nutrient and labile organic matter
availability (Evans et al. 2016), which is therefore still emitting CH4 (Hyvonen et al. 2013;

Cooper et al. 2014) despite brackish water influence.

The comparison between brackish water and freshwater rewetting is very valid for coastal
peatlands regarding the CH4 prevention potential. In the case of studied fens, Drammendorf
and Huatelmoor, our research dealt primarily with the comparison between brackish water
rewetting and freshwater rewetting with brackish water inflow, which gives us the opportunity
to discuss further aspects that could serve as leverage points for best practice coastal peatland
rewetting. Here, it is important to consider the factors time after rewetting and other extreme
weather events, such as the drought, that differed between these two specific fens. These
additional factors besides the difference in water type make a direct evaluation of advantages
and disadvantage of brackish water vs. freshwater rewetting challenging. To consider the
leverage point water type (freshwater vs. brackish water) we have to rely on previous research

from Hutelmoor.

The frequency of brackish water input might impact CH4 reduction potential
High peaks of CH, emissions outside the ditch were successfully prevented by brackish water
rewetting in Drammendorf, which was not the case in Hutelmoor. Here, the freshwater
inundation caused very high CH4 emissions (Hahn et al. 2015), which decreased in the
following years, but remained relatively high (Jurasinski et al. 2018). The drought and the
consecutive brackish water inflow led to a final reduction in CH,s emissions down to the values
(24.4 mg CHs m?2 d, Koebsch et al. 2020), which were comparable to those observed in
Drammendorf post-rewetting (25.1 mg CHs m2 d, Gutekunst et al. 2023, preprint, Appendix
3).

Thus, Hitelmoor needed at least one, if not two extreme weather events (drought and storm
surge) to reach CH4 levels comparable to the polder Drammendorf post-rewetting. Although
the drought and the following inflow were tremendous, it seems at least possible that
Hutelmoor will recover from the disturbances (Capooci et al. 2019) and even reach pre-drought
conditions. Lackner et al. (2020) found that methanogenesis quickly resumed when sulfate
input was stopped. Therefore, there is a chance that Hiutelmoor might return to its old self with
high CH4 emissions if there is not a frequent disturbance through drought and/or brackish water

inflow.

In general, it is likely that the frequency of disturbances might play a major role regarding the
development of GHG emissions after rewetting. Koebsch et al. (2020) argued that the drought
helped to boost vegetation growth in Hitelmoor. So, occasional (short-term) droughts might
actually help to sequester carbon as long as peat decomposition does not outweigh this effect.

Likewise, such a boost might also be beneficial to the prevention of CH, emissions and is
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hopefully achievable without the preceding drought effect. For instance, a short-term pulse of
brackish water into a freshwater rewetted coastal peatland might enable SRB establishment
and sulfate reduction as potential future competitor for methanogens when substrate is scarce.
As a desirable outcome, CH4 emissions are lowered, while the vegetation does not experience
a salinity shock and dies. Since freshwater rewetting is rarely abrupt (Koebsch et al. 2013a;
Koebsch et al. 2013b), this rewetting approach would enable the fen typical vegetation to keep
pace with the system shift also due to slow increase in the water level. In this way, ongoing
CO: uptake is ensured while peat decomposition and thus CO; emissions are stopped. This

could shorten the time of disequilibrium and make successful ecosystem shift more likely.

The downside of this approach is the potential of initially high CH4 emissions as a consequence
of rewetting with freshwater (Fig. 6). Furthermore, regular brackish water input might be more
difficult to manage compared to brackish water rewetting. To assure regular brackish water

input, one would either depend on installed infrastructure or unpredictable storm surges.

Flooding intensity as a determinat of plant adaptation

We learned that brackish water rewetting should by all means prevent fast vegetation die-back,
because this might lead to a lack in CO; uptake and plenty of organic material being available
for methanogenesis and anaerobic CO; production. We saw that direct brackish water
rewetting in Drammendorf including the removal and channeling of the dike led to an
immediate inundation, intense wind and wave exposure and overall an abrupt system shift.
Reed species such as Phragmites australis were already established in and along the ditches
before the dike-opening, so they would have provided potential to spread as clones (van der
Putten 1997) maybe even under permanent inundation (Koch et al. 2017). However, after one
year of rewetting, the reeds finally died together with the grassland vegetation of the drained
peatland and it remains unclear whether Drammendorf will ever be able to allow terrestrial
vegetation growth under the current conditions. As shown in Kreyling et al. (2021), rewetted
peatlands often struggle to return to their old-selves, especially in terms of pristine vegetation,
geochemistry and hydrology. Miller et al. (2008) reported the need for flooded conditions with
slow flowthrough in order to enable plant re-establishment even in a freshwater-influenced

wetland.

For now, Drammendorf remains in disequilibrium because of strongly oscillating water levels
and unresolved new vegetation development. Once the substrate provided by the residual
plant material is used up, the fen might evolve into a system with even lower CHa, but also low
CO: emissions. It is likely that Drammendorf might behave like a shallow coastal lagoon
emitting littte GHG when labile organic matter availability is scarce and competition between

methanogens and sulfate-reducing bacteria increases (Giani et al. 1996b). A depletion of
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sulfate is unlikely, since the fen is continuously provided by the lateral exchange with the

adjacent bay.

A controlled increase of the water level that would not exceed a certain height, could have
helped the existing vegetation to survive and spread after the grassland vegetation died. This
could be achieved, for instance, by first installing a two-way pumping system with which the
water level in a coastal peatland can be established at will. Brackish water could be pumped
in first, so that the vegetation can adapt to more brackish conditions before it also has to adapt
to strongly fluctuating water levels accompanied by strong waves. A controlled increase of the
water level might also have prevented excess nutrient leaching (Zak and Gelbrecht 2007; van

de Riet et al. 2013; Ponisch and Breznikar et al. 2023, Appendix 2) into the adjacent bay.

Whether or not inundation is desirable is surely something that deserves to be discussed in
more detail: According to common knowledge the standing water column is a factor, causing
high CH, emissions, as reported from rice paddies (Singh et al. 1998), because water level
and CH, emissions are generally positively correlated (Rask et al. 2002; Inubushi et al. 2005;
von Arnold et al. 2005). We suspected, however, that the sulfate- and in case of Drammendorf
also oxygen-containing surface water was a place of CH, oxidation as shown by Bubier (1995),
although we lack evidence to support this. So, potentially the land use and the management
history challenge these known mechanisms from pristine peatlands (Lai 2009; Wilson et al.
2009) and turn inundation possibly into a useful factor regarding CH4 prevention if electron
acceptors are available also for anaerobic decomposition (lversen et al. 1987; Smith et al.
1993; Eller et al. 2005; Smemo and Yavitt 2011). However, inundation, at least in combination
with strongly oscillating water levels and waves, has been one factor responsible for the
intense die-back of plants (van der Putten 1997). In contrast, it might be that a specific site is
suitable to host marine macro-, microphytobenthos or phytoplankton (van Oevelen et al. 2006).
These would still allow CO; uptake and would be potentially beneficial in the reduction of

nutrient export (Blackford 2002), as also shown in Pdnisch and Breznikar et al. (2023).

Wrap-up

To sum up, it should be mentioned that both freshwater rewetting with brackish water inflow
and brackish water rewetting have their advantages and disadvantages in regard to their
potential to reduce CHs and CO. emissions. Therefore, it is recommended to make an
individual decision about the initial rewetting management, but it should include a slow
increase of the water level and long adaptation periods in any case. In the proposed model
(Fig. 7), | determined several scenarios with unknown and, according to my knowledge,
unstudied outcomes regarding the response of GHG emissions. Reactions in the freshwater
rewetted fen Hutelmoor without and with hardly any brackish water influence were considered

to represent the lower end of the frequency and intensity of brackish water influence spectrum.
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In contrast, the permanently flooded fen Drammendorf represents the upper end of the
mentioned spectrum. On this basis, | made assumptions about other management
possibilities: A freshwater rewetted fen that is frequently disturbed by brackish water input, and
a brackish water rewetted fen that experiences frequent pulses of brackish water of low or
medium flooding intensity. Such scenarios have the potential to improve the GHG balance in
rewetted coastal fens (Fig. 7). Still, trade-offs must be taken into account. The evaluation of
lessons learned is very important and necessary regarding future projects as attempted by the
national action program for peatland rewetting as part of natural-based climate protection in
Germany (Aktionsprogramm naturlicher Klimaschutz, ANK). Mecklenburg-Western Pomerania
in the north-east of Germany, the state where the research for this thesis was conducted, aims
to reduce the area of drained coastal fens by 10.000 ha. Currently, the rewetting of 107 12
coastal peatlands covering an area of at least 850 ha is planned (Gerald Jurasinski, personal

communication).

Conclusion

Rewetting drained peatlands is essential to reduce CO, emissions and potentially even allow
for the creation of new carbon sinks. In the two different fens that my colleagues and |
investigated, we found that brackish water input/rewetting led to lower CHs emissions in
comparison to freshwater rewetted peatlands. Brackish water rewetting of a drained coastal
fen immediately affected both sulfate-reducing bacteria and the methane-cycling community
in the soil, and resulted in increased methanogenesis but also increased CH, oxidation. Most
likely, the presence of sulfate as a thermodynamically more favorable electron acceptor kept
the rates of methanogenesis in check and resulted in low post-rewetting CH4 emissions.
However, CO; emissions remained high in the first year after rewetting. The freshwater
rewetted fen Huatelmoor, which represents a CO; sink ever since flooding in 2009 led to
permanent inundation, showed lower CH4 emissions after a drought & leading to subsurface
water levels for the first time after rewetting & and an additional brackish water inflow. In the
end, brackish water input into a freshwater rewetted coastal fen following a drought in the
previous year reduced CH4 emissions down to the same level as direct rewetting of a coastal

fen with brackish water.

Both freshwater and brackish water rewetting have the potential to reduce CHs and CO;
emissions, though specific effects may differ. While the freshwater rewetted fen showed initially
high CH,4 emissions, brackish water rewetting could not prevent ongoing high CO, emissions.
Accordingly, the implementation of peatland rewetting to lower GHG emissions is complex and
management should be strongly governed by the individual conditions of a peatland. As
shown, the most beneficial rewetting strategy also largely depends on the previous (rewetting)

history and former usage of the land as well as on further restorations goals. The distilled
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leverage points presented in this thesis are based on the short-term effects of brackish water
influence in two coastal fens. We concluded that brackish water rewetting can successfully
keep CH4 emissions low, while abrupt and permanent brackish water influence in concert with
occasionally high water levels may prevent target vegetation development and, consequently,
CO; uptake. Hence, frequent pulses of brackish water inflow are recommended for CHa
emissions reduction in initially freshwater rewetted fens. In contrast, when applying brackish
water to drained fens, a low to medium flooding intensity reduces the chances of severe die-

back of non-adapted but desired target vegetation to enable CO- uptake.

Comparing different rewetting management approaches is necessary and important for further
rewetting projects. Both field sites, but especially the recently rewetted site Drammendorf,
need further monitoring to observe the mid- and long-term development of CH4 and CO;, fluxes,

microbiology and soil biogeochemistry.
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APPENDIX 1: Effects of brackish water inflow on methane-cycling microbial
communities in a freshwater rewetted coastal fen

ABSTRACT

Rewetted peatlands can be a significant source of methane (CH,), but in coastal ecosystems,
input of sulfate-rich seawater could potentially mitigate these emissions. The presence of
sulfate as an electron acceptor during organic matter decomposition is known to suppress
methanogenesis by favoring the growth of sulfate reducers, which outcompete methanogens
for substrate. We investigated the effects of a brackish water inflow on the microbial
communities relative to CH4 productioni consumption dynamics in a freshwater rewetted fen at
the southern Baltic Sea coast after a storm surge in January 2019 and analyzed our data in
context with the previous freshwater rewetted state (2014 serves as our baseline) and the
conditions after a severe drought in 2018 (Fig. 8). We took peat cores at four previously sampled
locations along a brackishness gradient to compare soil and pore water geochemistry as well
as the microbial methane- and sulfate-cycling communities with the previous conditions. We
used high-throughput sequencing and quantitative polymerase chain reaction (QPCR) to
characterize pools of DNA and RNA targeting total and putatively active bacteria and archaea.
Furthermore, we measured CH, fluxes along the gradient and determined the concentrations
and isotopic signatures of trace gases in the peat. We found that both the inflow effect of
brackish water and the preceding drought increased the sulfate availability in the surface and
pore water. Nevertheless, peat soil CH4 concentrations and the **C compositions of CH4 and
total dissolved inorganic carbon (DIC) indicated ongoing methanogenesis and little methane
oxidation. Accordingly, we did not observe a decrease in absolute methanogenic archaea
abundance or a substantial change in methanogenic community composition following the
inflow but found that the methanogenic community had mainly changed during the preceding
drought. In contrast, absolute abundances of aerobic methanotrophic bacteria decreased back
to their pre-drought level after the inflow, while they had increased during the drought year. In
line with the higher sulfate concentrations, the absolute abundances of sulfate-reducing
bacteria (SRB) increased i as expected i by almost 3 orders of magnitude compared to the
freshwater state and also exceeded abundances recorded during the drought by over 2 orders
of magnitude. Against our expectations, methanotrophic archaea (ANME), capable of sulfate-
mediated anaerobic methane oxidation, did not increase in abundance after the brackish water
inflow. Altogether, we could find no microbial evidence for hampered methane production or
increased methane consumption in the peat soil after the brackish water inflow. Because
Koebsch et al. (2020) reported a new minimum in CHj, fluxes at this site since rewetting of the
site in 2009, methane oxidation may, however, take place in the water column above the peat
soil or in the loose organic litter on the ground. This highlights the importance of considering all
compartments across the peati wateri atmosphere continuum to develop an in-depth
understanding of inflow events in rewetted peatlands. We propose that the changes in microbial

communities and greenhouse gas (GHG) fluxes relative to the previous freshwater rewetting
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state cannot be explained with the brackish water inflow alone but were potentially reinforced

by a biogeochemical legacy effect of the preceding drought.
1. INTRODUCTION

Peatlands are important global carbon (C) stores (Gorham, 1991; Batjes, 1996; Limpens et al.,
2008; Yu et al., 2010; Page et al., 2011; Dargie et al., 2017), but drainage for agriculture or peat
extraction leads to aerobic mineralization of the organic material and thus to increased
emissions of carbon dioxide (CO;) (Frolking et al., 2011, Leifeld, 2013). Rewetting effectively
stops the high CO, emissions (Kirkby et al., 2013; Paustian et al., 2016; Wilson et al., 2016)
and can restore the C sink function (Leifeld and Menichetti, 2018). However, rewetting of
drained peatlands may induce high emissions of methane (CH.) (Joosten and Couwenberg,
2009; Wichtmann et al., 2010; Hahn et al., 2015; Abdalla et al., 2016), especially in nutrient-
rich fens. Although this does not negate the overall beneficial effect of peatland rewetting for
mitigating climate warming (Giinther et al., 2020), CH, still acts as short-lived but strong
greenhouse gas (GHG) (Lelieveld et al., 1998; Myhre et al., 2013), and thus high emission rates
should be avoided when possible (Nisbet et al., 2020). It is therefore desirable to better
understand the conditions under which CH,4 emissions from rewetted peatlands can be kept

small to implement the best mitigation strategy.

Sea level rise, driven by global warming (Fabian, 2002; Church et al., 2013; Nerem et al., 2018),
may cause a sustainable shift in the biogeochemistry of coastal wetland systems (van Dijk et
al., 2019), including low-lying coastal peatlands (Jurasinski et al., 2018). Above all, marine water
inflow may increase the sulfate availability in these ecosystems and thereby provide an
alternative electron acceptor (EA) for organic matter (OM) decomposition (Jgrgensen, 1982).
Available studies typically report a reduction of methane production (methanogenesis) in
anaerobic soil zones in the presence of a thermodynamically more favorable EA such as sulfate.
This has been found in marine environments (Oremland, 1988), rice paddies, (van der Gon and
Neue, 1994), salt marshes (Bartlett et al., 1987) and even in freshwater peatlands (Lovley and
Klug, 1983; Gauci et al., 2004; Pester et al., 2012). Sulfate-reducing bacteria (SRB) outcompete
methanogens because of a higher energy gain through their metabolic pathway (Schonheit et
al., 1982; Lovley and Klug, 1983) and their high substrate affinity (Kristiansson and Schonheit,
1983).

The majority of methanogens are obligate anaerobic methane-producing (methanogenic)
archaea (Moore and Knowles, 1989; Strack et al., 2008; Thauer et al., 2008; Nazaries et al.,
2013), although they may also withstand the presence of oxygen within anaerobic niches in
oxic soil layers (Angle et al., 2017; Wagner, 2017) or tolerate short-term droughts (Kim et al.,
2008; Wen et al., 2018). Nevertheless, most studies focus on methane production by anaerobic

methanogenic archaea. Archaeal methanogens belong to the phylum Euryarchaeota and are
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distributed over seven orders (Dean et al, 2018). However, additionally the phyla
Halobacterota, Thermoplasmatota and Bathyarchaeota have been recently discussed as
potential methanogens, especially in peat soil (Brauer et al., 2020). Methane consumption
mitigates the release of methane and was historically thought to be limited to aerobic bacteria
(Séhngen, 1906; Whittenbury et al, 1970), belonging mainly to Alpha- and
Gammaproteobacteria and Verrucomicrobia (Hanson and Hanson, 1996; Op den Camp et al.,
2009). However, the so-called methanotrophs can also be archaea that inhabit anaerobic zones
(Boetius et al., 2000; Conrad, 2009; Nazaries et al., 2013; Dean et al., 2018). In the presence
of sulfate and at low H2 concentrations, certain anaerobic methanotrophic archaea (ANME) can
reverse methanogenesis in close interaction with SRB, with whom they form symbiotic consortia
(Hoehler et al., 1994; Hansen et al., 1998; Boetius et al., 2000). Both partners benefit from the
transfer of intermediates, such as CH4 as electron donor and C source for sulfate reduction, as
well as sulfate as EA for methane oxidation (Hansen et al., 1998). Besides sulfate, other EAs
such as nitrate or metal oxides can play a role in anaerobic oxidation of methane (AOM),
especially in coastal freshwater and brackish wetlands (Segarra et al., 2013), which, unlike
ombrotrophic bogs, are not generally poor in alternative EA (Damman, 1978; Dettling et al.,
2006). Sulfate-independent AOM was, for example, reported from freshwater wetlands
(Segarra et al., 2015). Besides archaea, also bacteria like the recently cultured Candidatus
Methylomirabilis oxyfera from the NC10 phylum are able to oxidize methane anaerobically using
nitrite as an alternative EA (Ettwig et al., 2010), and other genera within the order

Methylomirabilales may also be able to perform this process (He et al., 2016).

Whilst sulfate-mediated CH4 suppression effects are well known in natural coastal wetlands,
these mechanisms can be suspended by the land-use history of degraded coastal peatlands:
Koebsch et al. (2019) found that sulfate was depleted in the coastal fen (Hutelmoor) we are
investigating here, except for some local relicts at peat layers below 30 cm depth. These locally
high pore water sulfate concentrations could, however, not prevent high CHs emissions from
the same fen (Glatzel et al., 2011; Hahn et al., 2015; Koebsch et al., 2015). Jurasinski et al.
(2018) concluded that unlike in marine systems, spatial separation of methanogenesis and
sulfate reduction can sustain methane production and prevent anaerobic methane oxidation in
rewetted coastal fens. This is because methane is formed above the sulfate-reducing zone due
to a freshening of the surface water. Like drought-induced salinization (Kinney et al., 2014;
Chamberlain et al., 2020), the inflow of sulfate-containing brackish water could increase the

availability of sulfate and, thus, lead to lower CH4 emissions.
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Figure 8. APPENDIX 1: Schematic development of geochemistry, greenhouse gases and microorganisms under
different environmental conditions throughout time at three different compartments discussed in this study:
atmosphere, surface water and peat soil. Patterns were derived from annual budgets of CHas fluxes (green arrows,
Koebsch et al., 2020) and from concentrations of surface and pore water components, averaged over all locations
and depth sections. Note that CH4 and CO: patterns show tendency derived from peat soil concentrations and not
from isotopic signatures of 13C. Schematic microbial changes are based on absolute counts of gPCR results. The
design of plants and other symbolic depictions was inspired and partly extracted from the media library of the Center
for Environmental Science, University of Maryland (https://ian.umces.edu/media-library/symbols/#download, last

access: 16 November 2021).

The brackish water inflow into the Hitelmoor in 2019 was followed by a 87 % reduction in CH4
emissions compared to the reference period 2014i 2017, while a preceding drought in 2018 led
to a drop in CH4 emissions of 22% (Koebsch et al., 2020). While CH, emissions in rewetted
freshwater peatlands have been widely studied, the effect of brackish water inflow events on
the methane-cycling community and the related biogeochemical patterns in the soil are largely
unknown. Field studies of coastal peatlands that cover the transition from freshwater to brackish
state are still sparse, and to our knowledge, no study has examined the integrated effect of
brackish water inflow on biogeochemistry, microbiology and methane emissions, so far. We
thus investigated how microbial communities and coupled peat biogeochemistry change in a
freshwater rewetted coastal fen after a brackish water inflow and how this relates to local
methane fluxes. Since our study site was exposed to a severe drought in 2018, we put our
results in context with potential legacy effects of the preceding drought. We hypothesized that
the brackish water inflow will have replenished the sulfate reservoir in peat soil regions relevant
for methane production and oxidation. Further, we expected the abundances of SRB to increase

at the expense of methanogens after the inflow of brackish water. The increase in SRB in
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conjunction with an anticipated increasing abundance of sulfate-dependent anaerobic
methanotrophic archaea (ANMESs) should decrease methane production and, therefore, can

explain the reported decrease in methane emissions.
2. MATERIAL AND METHODS
2.1 Site description

The study site and nature reserve Heiligensee und Hitelmoor is located near the city of Rostock
at the German Baltic Sea coast. Mean annual temperature at the study area (hereafter
NnH¢t el wes 8.6 © and mean annual rainfall was 635mm (19911 2020, derived from the
freely available grid product of the German Weather Service (DWD), for which 1 km gridded
data are extrapolated from weather station data according to Muller-Westermeier, 1995). The
Hutelmoor is a minerotrophic coastal paludification fen that was drained and used for agriculture
between the 1970s and 1990s (Koch et al., 2014; Hahn et al., 2015; Unger et al., 2021a).
Drainage led to water tables up to 1.60m below surface (Glatzel et al., 2011) and to rapid peat
decomposition (Koch et al., 2017). Therefore, the peat soil in the Hitelmoor is highly degraded
(Voigtlander et al., 1996; Hahn et al., 2015), and peat thickness varies between 0.2 and 3m
(Wen et al., 2018; Koebsch et al., 2020). Active drainage of the area by pumping ended in 1990
and resulted in a rise of the water table to 0.3m below ground (Glatzel et al., 2011), mostly due
to freshwater from rising groundwater levels (Miegel et al., 2016). However, effective rewetting
with permanent water levels above the ground surface was only achieved after installing a
groundsill at the outflow of the catchment in 2009 (Miegel et al., 2016). Emergent macrophytes
like Phragmites australis, Carex acutiformis, Bolboschoenus maritimus and Schoenoplectus
tabernaemontani soon dominated the vegetation, while some large areas of open water
remained (Koch et al., 2017). In 2018, a severe drought caused the water table to decrease,
and new species like Tephroseris palustris and Ranunculus sceleratus that before had only

minor cover in the area colonized the bare peat patches (Koebsch et al., 2020).

In addition to active drainage, a coastal protection dune built in 1963 (Voigtlander et al., 1996;
Koebsch et al., 2013) reduced the input of brackish water. The last major brackish water inflow
before 2019 occurred in 1995 (Bohne and Bohne, 2008). In 2000, maintenance of the coastal
protection dune was discontinued to reinstate the natural flooding regime, leading to a slow
decline in dune height and extent over the years. A storm surge destroyed parts of the rests of
the former coastal protection dune close to the lake Heiligensee in January 2019, resulting in
brackish water inflow into the peatland that potentially changed the formerly only weak pore
water salinity gradient (Koebsch et al., 2019) along a previously sampled transect from HC1
towards HC4 (Fig. 9).
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2.2 Field data collection

We combined data from previous studies (results from microbial sequencing can be found here:
Wen et al., 2016, and Unger et al., 2021b) with our own data recordings at the site to evaluate
the effect of the inflow of Baltic Sea water during the storm surge in January 2019 (Fig. 9). We
conducted fieldwork at the same four locations (HC1, HC2, HC3 and HC4) discussed in
Koebsch et al. (2019) and Wen et al. (2018), which cover different salinity regimes, especially
in deeper layers of the peat. Details regarding field sampling protocols (peat biogeochemistry
and microorganisms) and data analysis can be found in Wen et al. (2018) and Unger et al.
(2021a). The microbial analysis was conducted in the same laboratory and strictly followed the
same protocols regarding DNA and RNA extraction and regarding primer combinations during
sequencing and gPCR. Minor adaptations due to improved technologies are marked

accordingly in the relevant subchapter of the method section.

In our study, previous data from 2014 served as a baseline and represent the conditions
in the freshwater rewetted fen. Therefore, we refer to the geochemical, trace gas and
microbial data from Wen et al. (2018) as i Ba s el i rfam® M a D eirl thedfigures).
Data from Unger et al. (2021a) provided insights into the dynamics during the drought in
2018 at location HC2 and are referred to as A Dr o u g h {aBddfLdBroo u gih thé
figures). In order to track the surface flow and exchange processes in the aboveground
water column after the inflow, we complemented the pore water sampling with surface
water measurements. Surface water electrical conductivity (EC) measurements took place

on several days directly after the inflow in January 2019 to cover the immediate effect of

Baltic Sea
Hitelmoor
Ro! k

North-Eastern Germany

0 15 30 km
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Figure 9. APPENDIX 1: Location of the study site in northeastern Germany (left) and sampling locations HC1i 4
within the study site Hitelmoor (right). Exact locations of baseline sampling in 2014 are shown in yellow, drought
sampling in 2018 in red, post-inflow in spring 2019 in light blue and post-inflow sampling in autumn 2019 in dark blue.
Due to technical reasons, location HC4 had to be shifted post-inflow towards the south from its original
(Baseline2014) position. Electrical conductivity (EC) values from January 2019, shortly after the inflow of brackish
water, are shown in different shades of purple and ranged from 0.5 to 22.4 mS cm™. The location map was drawn in
QGIS, version 3.22.4, and the base map was created by CartoDB, under CC BY 3.0, using data from
OpenStreetMap, under ODbL; see https://cartodb.com/basemaps/ (last access: 27 July 2022). Further maps were
extracted from  https://www.geoportal-mv.de/gaia/gaia.php (last access: 14 October 2022) and

https://server.arcgisonline.com/arcgis/rest/services/World_Imagery/MapServer (last access: 14 October 2022).

the inflow. On 16 April 2019, surface water in situ variables and samples and local GHG flux

measurements had been taken at the four locations.

Sampling for microbial as well as for pore and surface water analysis combined with GHG
measurements took place on 28 November and 2 December 2019, hereafter referred to as
i P oisflow A u t u mn 2SWillcres and pore water samples were also taken on 16 May 2019
(APostSmr il omgvaldn® of )our sampling locations (HC2; see Fig. 9) for better
comparison with the previous drought study (Unger et al., 2021a) in order to increase the
temporal resolution at this common location. We derived groundwater level data from a data
logger and pressure transducer (Dipper PTEC, SEBA, Kaufbeuren, Germany) installed
permanently near location HC2 at 0.49m depth. Measurements were recorded every 15 min
since January 2018.

At each of the four locations, we collected surface and pore water samples for sulfate and
chloride concentration analysis. Surface water samples were filtered directly in the field and
stored at -25 °C in the lab until further analysis. We used filters with a pore size of 0.45 ¢ m
(Sarstedt, Numbrecht, Germany) in order to include only dissolved organic carbon (Thurman,
1985; Fiedler et al., 2008). For reference ion chromatography (IC) measurements, used to
compare with data measured during drought in 2018 (Ibenthal, 2020), we filtered 10mL samples
in situ through a 0.20 € mcellulose acetate membrane. Surface water electrical conductivity
(EC) and pH values were measured in situ (ProDSS, YSI, Ohio, USA). For pore water sampling
in May 2019, pre-filled diffusion pore water samplers were used (Hépner, 1981). We installed
pore water samplers well in advance, on 28 March 2019, to allow time for equilibration with the
surrounding soil. For the pre-fill to match the salinity of the pore water, we mixed filtered (CA
0.45 ¢ m GE Healthcare Life Sciences Whatman®, Vancouver, Canada) tap water (which is
river filtrate from river Warnow in Rostock) with filtered Baltic Sea water until salinity of
Hutelmoor surface water was obtained. The diffusion samplers were pre-filled under argon
atmosphere and wrapped until installation in the field. Pore water sampling in November and
December of 2019 was carried out with peat soil cores, taken in plastic liners (length: 60 cm;

inner diameter: 10 cm). Afterwards pore water extraction was conducted using Rhizon® pore
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water suction samplers (Rhizosphere Research Products, Wageningen, the Netherlands, 0.12
€ mpore size; Seeberg-Elverfeldt et al., 2005). In pre-drilled holes of the plastic liner, rhizons
were inserted and attached to 10mL syringes. Pore water pH and salinity values were measured
immediately after recovery using a handheld pH meter (Handylab pH11, Schott Instruments
GmbH, Mainz, Germany, calibrated with Mettler Toledo buffer solutions) and a refractometer
(Master-S, Atago, Tokyo, Japan).

Local CH4 flux measurements were conducted manually using an opaque floating chamber and
a portable laser-based analyzer (Picarro G4301, GasScouter, Santa Clara, USA). The floating
chamber was 22 cm high and had a total volume of 9953.3 cm3. Flux measurements lasted
between 180 and 300 s and were repeated three times at randomly chosen spots on the open
water body, close to each sampling location. In parallel, we measured chamber and soil

temperatures, surface water level, and relative air humidity.

At each location, two peat cores were taken with a Russian D-corer (De Vleeschouwer et al.,
2010) and divided into the following depth sections: 5i 20, 20i 40 and 40i 50 cm. Each peat
core was used to extract samples for microbial and pore water analysis in situ. From each core
section we took sediment plugs for peat soil GHG concentration measurements using a tip-cut
syringe (Omnifix, Braun, Bad Arolsen, Germany) to get a distinct sediment volume of 3 mL. We
immediately inserted the sediment plugs into 20 mL glass vials (Agilent Technologies, 5182-
0837, Santa Clara, USA) completely filled with saturated NaCl for conservation (no head
space). We closed the vials airtight with rubber stoppers and aluminum crimpers and stored the
samples upside down to avoid gas escape. Per location and core section, we extracted an
additional 1 mL soil sample with a 5 mL tip-cut syringe (Omnifix, Braun, Bad Arolsen, Germany)
to be analyzed for bulk density to obtain estimates for peat porosity. To prevent drying, the
syringe opening was covered with Parafim® (Bemis, Neenah, WI, USA), and samples were
cooled at approximately 4 °C until further analysis. For microbial analysis, we collected
subsamples from all core sections mentioned above and additionally from the surface layer
between 0715 cm. We placed them into centrifugation tubes (15 mL, Falcon®, Corning Inc,
Tewksbury, MA, USA) using sterile equipment. We assured immediate cooling on ice and

further storage at -80 °C to preserve total nucleic acids until further analyses.
2.3 Lab analyses: water and peat

2.3.1 Peat soil greenhouse gas concentrations

We measured peat soil CH4 and CO2/H.COs (in the following for simplicity referred to as CO,)
concentrations using a gas chromatograph (GC; Agilent Technologies 7890A, Santa Clara,
USA). A headspace of 3 mL filled with helium was created in the glass vials containing the

sediment plugs and put onto a shaker for at least 24 h. With a needled syringe we extracted
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300 ¢ Lof the headspace volume and inserted 250 ¢ Linto the GC using a flame ionization
detector (FID) for CHs and a thermal conductivity detector (TCD) for CO, concentration
measurement. Gas partial pressures as obtained from the headspace analyses were converted

to micromolar concentrations of dissolved CH4 and CO; using the following Eq. (1):

z

Zp T 1)

z z Z

where G is the headspace gas mole fraction (ppm), H is the headspace volume (3 mL), T is the
absolute temperature (295.15 K), R is the universal gas constant (0.0821 L atm K* mol?), V is

the peat volume (3 mL) and P is the peat porosity (mL cm3).

2.3.2 Isotopic composition of dissolved methane and inorganic carbon

The isotopic composition in the C gases can help to uncover the sources and/or production
pathways. We determined 0**C in CH4 and total CO, (DIC) after acidification with appropriate
volumes of 2M HCI to pH < 4.5 in diluted headspace samples from the glass vials described
above (final volume of ~20 mL), using cavity ring-down spectroscopy (CRDS; analyzer model
Picarro G 2201-i) and the Small Sample Isotope Module (SSIM; both Picarro Instruments,
Sunnyvale, USA). To exclude spectral interference with hydrogen sulfide potentially present in
the samples, we added 1 mL of a saturated zinc acetate solution (zinc acetate dihydrate, > 98
%; Sigma Aldrich, Taufkirchen, Germany) to fix hydrogen sulfide as solid ZnS. We used the
data on the concentrations of gases in the headspace (see Sect. 2.3.1) to determine a suitable
dilution in synthetic air for isotope measurements to fall into the measurement range of the
instrument of 3001 2000 ppm for CO- and 2.5i 2000 ppm for CH4. While a maximum of 5 mL of
headspace sample could be retrieved and an injected volume of 157 20 mL was necessary, the
isotopic composition could not be determined for samples containing less than 10 ppm CH, in
the headspace. Isotope values are expressed in the common notation vs. V-PDB. The values
given in per mill ( & are equivalent to i m U mdli-urey; Brand and Coplen, 2012). Calibration
for 3C in CH, was done using a working standard of 1000 ppm CHj, (-42.48 & ) and four certified
standards of 2500 ppm CH, (-38.304 ,-54.45a ,-66.50 @ and -69.00 a ) For CO,, a working
standard of 1000 ppm (-31.07 & ) and dilutions of pure CO, (-27.10 a and -4.55 a ) were used.
All gas standards without a certificate were calibrated against reference materials from IAEA
(RM8562) using elemental analysis coupled to isotope ratio mass spectrometry (EA 3000,
Eurovector, Redavalle, Italy; Horizon, NU Instruments, Wrexham, UK). Certified standards were
obtained from air gas (Air Liquide, Plumsteadville, PA, USA) or from isometric instruments
(GASCO, Victoria, BC, Canada).

2.3.3 lon composition in pore and surface waters

Sulfate concentrations in pore water were analyzed by inductively coupled plasma optical

emission spectrometry (ICPOES, iCap 7400 Duo MFC ICP spectrometer, Thermo Fisher
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Scientific, Dreieich, Germany) with a matrix matched external calibration (diluted Atlantic
seawater (salinity 35.0 (x 0.2 %), OSIL, Hampshire, UK)) and Sc as an internal standard.
Precision and accuracy were checked with spiked SLEW-3 (National Research Council Canada
Measurement Science and Standards, Ottawa, Canada) and were better than 4.7 and 7.6 %
(von Ahn et al., 2021), respectively. Dissolved sulfide was measured in the solutions preserved
with zinc acetate on-site following the methylene blue method of Cline (1969) using a
spectrophotometer (SPECORD 40, Analytik Jena GmbH, Jena, Germany). For sulfate and
chloride in surface water samples the same method was applied as for the pore water analysis.
Reference surface water sulfate and chloride concentrations, used for comparison with surface
water data from the drought 2018 (Ibenthal, 2020), were determined with anion chromatography
(DX320, Dionex) with inline dilution and dialysis setup (Metrohm 930 Compact ICFlex with a
Metrosep A Supp 5-150/4.0 (6.1006.520) column, Herisau, Switzerland).

2.3.4 Peat physical properties

The sampled 1 mL soil cores were pushed out of the syringes and weighed after drying for 24
h at 70 °C to determine bulk density | bLoss on ignition (LOI, in %) was determined for each
sampling site and depth section on additional cores at 550 °C using a CEM Phoenix Black
microwave muffle furnace (North Carolina, USA). Porosity z was then calculated with Eq. (2),
following DIN 19683-14 (2007):

z

A ; 2

with the particle density of the organic material  s.org = 1.40 g cm™ and that of the ignition residue

Jsmn=2.65¢ cm3,
2.4 Lab analyses: microbial data

2.4.1 DNA and RNA extraction

We extracted DNA from 1501 200 mg soil from biological duplicates per sampling location and
depth section accordingtothema n u f a c praiocod(GeneMATRIX Soil DNA Purification Kit,
Roboklon, Berlin, Germany). DNA concentrations were quantified using a Qubit 2.0 Fluorometer
(Thermo Fisher Scientific, Darmstadt, Germany), following the protocol of the DNA High
Sensitivity and Broad Range Assay Kit (dsDNA HS and BR assay, Thermo Fisher, Berlin,

Germany).

For RNA extraction, we required 2 g of soil and used the RNeasy PowerSoil Total RNA Kit
(Qiagen, Venlo, Netherlands). RNA concentrations were also quantified with the Qubit 2.0
Fluorometer and the RNA High Sensitivity Assay Kit (RNA HS, Thermo Fisher, Berlin,
Germany). To remove unwanted excess DNA from RNA samples we used the TURBO DNA-

free Kit (Invitrogen, Thermo Fisher, Berlin, Germany) according to an in-house protocol. Here,
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we applied 0.1 % volume (e.g., 5 € L9f 10x Turbo DNase Buffer and 1 € LTurbo DNase to the
extracted RNA dissolved in 50 ¢ LRNase- and DNase-free water. After mixing, the solution was
incubated at 37 °C for 30 min. DNase Inactivation Reagent (5 ¢ L was added and mixed well
using a vortex. After incubation at room temperature for 5 min, the resulting suspension was
centrifuged at full speed (17 000 g) at 4 °C for 1.5 min. RNA was dissolved in supernatant and
separated from the pelleted DNA. RNA concentrations were quantified using the Agilent 4150
TapeStation system and RNA ScreenTape assay (Agilent, Santa Clara, USA) according to the

manuf ac pratocat r 6 s

2.4.2 cDNA synthesis

cDNA synthesis was done using SuperScript Ill Reverse Transcriptase (Invitrogen, Thermo
Fisher, Berlin, Germany). We followed the in-house protocol and applied 1 ¢ LRandom
Hexamer and 1 ¢ L10 mM dNTP Mix (nucleotides) onto 50 ng RNA template and filled the tube
to a final volume of 13 ¢ Lwith sterile water. We heated the mixture at 65 °C for 5 min and
immediately chilled on ice afterwards. Then, we added 4 ¢ L5x First Strand Buffer, 1 ¢ L0.1M
DTT, 1 ¢ Lsterile water, and 1 ¢ LSuperScript lll RT and mixed well. The resultant mixture was
incubated at 25 °C for 5 min following incubation at 50 °C for 60 min. The reaction was
inactivated by heating to 70 °C for 15 min.

2.4.3 PCR amplification and sequencing

Amplification via polymerase chain reaction (PCR) of 16S rRNA genes of DNA and cDNA
samples was performed using the universal primer combination Uni515-F/Uni806-R (Caporaso
et al., 2011), for both bacteria and archaea, and primer combination S-D-Arch-0349-a-S-17/S-
D-Arch-0786-a-A-20 (Takai and Horikoshi, 2000) for more precise archaea detection. Please
note that Wen et al. (2018) and Unger et al. (2021a) used a specific bacterial primer combination
(S-D-Bact-0341-b-S-17/S-DBact-0785-a-A-21) instead of the universal primer we used here.
We decided on the universal primer because it has equal resolution for bacteria but covers both
bacteria and archaea, providing some support for the gPCR data. For the PCR (Thermal Cycler,
T100, Bio-Rad, Feldkirchen, Germany) we added 10x Pol Buffer C (OptiTag DNA Polymerase,
Roboklon, Berlin, Germany), 1.25 U OptiTaq DNA Polymerase, 0.2 mM dNTP, 0.5 mM MgCl:
and 0.5 ¢ Mof each primer to 5 ¢ Lof the purified sample. Using sterile water, we filled the
mixture to a final volume of 50 ¢ L The PCR program for universal primers included initial
denaturation at 95 °C for 5 min and then 30 cycles of denaturation at 95 °C for 30 s, annealing
at 56 °C for 30 s and elongation at 72 °C for 1 min, followed by a final elongation at 72 °C for 7
min. The PCR program for archaeal primer included 35 cycles of denaturation at 95 °C for 30
s, annealing at 55 °C for 30 s and elongation at 72 °C for 1 min. Initial denaturation and final

elongation were the same as mentioned above. When we could not detect a clean product, we
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increased the number of PCR cycles to up to 10 additional cycles for archaeal primer samples.

The same PCR program was run on purified RNA extracts to exclude remnants of DNA.

The PCR products were cleaned using Agencourt AMPure XP magnetic bead solution

(Beckman Coulter, Massachusetts, USA) according to the manuf ac tpwtwomlt 6 s

Identification of single samples was possible due to unique barcodes, which were attached to
the primers. lllumina MiSeq sequencing was done by Eurofins Genomics (Ebersberg, Germany)

with 300 bp paired-end mode.

2.4.4 gPCR gene abundance measurements

To quantify the abundances of the 16S rRNA target genes, mcrA, pmoA and dsrB, we used
guantitative PCR (gPCR, CFX Connect Real-Time PCR Detection System, Bio-Rad, Munich,
Germany) with the double-strand binding dye SYBR Green (KAPA universal). Whereas primers
for 16S rRNA genes (Eub341-F/Eub534-R) target general prokaryotic microorganisms, primers
used to amplify mcrA, pmoA and drsB are specific to genes encoding enzymes used by
methanogenic archaea (mcrA, mlas-F/mcrA-R), aerobic methanotrophic bacteria (pmoA,
pmoA189-F/pmoA661-R) and SRB (dsrB, DsrB2060-F/DsrB4-R). According to the in-house
protocol, we used 10 ¢ Lof SYBR Green, 0.08 ¢ Lof each primer (with a concentration of 100
€ Meach), 4 ¢ Ltemplate per reaction and 5.84 ¢ Lsterile water, resulting in a total final volume
of 20 ¢ LThe gPCR program included initial denaturation at 95 °C for 3 min, denaturation at 95
°C for 3 s, annealing for 20 s, elongation at 72 °C for 30 s and a plate read at 80 °C for 3 s to
create the melting curve. Annealing temperatures were 60 °C for 16S rRNA genes, mcrA and
pmoA and 62 °C for dsrB, respectively. The standard curve was typically based on a series of
dilutions of known gene copy numbers in the range of, e.g., 10% 108 copies as specified in
Winkel et al. (2018), with starting concentrations being 2.5 x 108 for 16S rRNA, 2.9 x 107 for
mcrA, 3.2 x 107 for pmoA and 6.69 x 107 for dsrB genes. We performed 35 qPCR cycles for
16S rRNA genes and 40 cycles for mcrA, pmoA and dsrB. Since Wen et al. (2018) and Unger
etal. (2021a) did not investigate SRB, we performed gPCR with dsrB target primers additionally
with material from Baseline2014 and Drought2018. All absolute gene copy numbers are given
per gram of dry soil and were calculated by normalizing them over their initial fresh weight,
taking into account a dry weight factor, the elution volume and the dilution factor. For better

visualization, we log10 transformed the data.
2.5 Data analysis

2.5.1 GHG flux estimation

Flux data analyses were done in R (R Core Team 2021). CH. fluxes were estimated with the
fluxx function of the R package flux (Jurasinski et al., 2014) as described in Huth et al. (2012),
Glnther et al. (2015) and Huth et al. (2021). We used the atmospheric sign convention,
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meaning that positive fluxes indicate a release from the ecosystem to the atmosphere and

negative fluxes indicate an uptake by the ecosystem.

2.5.2 Processing of microbial sequence data

The lllumina paired-end (PE) sequences were preprocessed by the method described in Krauze
et al. (2021) and Yang et al. (2021). Briefly, demultiplexing was implemented by combining
mothur (version 1.39.0) (Schloss et al., 2009), BBTools (Bushnell, 2014) and a custom Python
script. The PE reads were processed with the make.contigs function of mothur, and the resultant
report and groups files were parsed with a custom Python script to get sequence identifiers of
the good quality contigs (minimum overlap length>25, mismatch bases<5 and without
ambiguous base) for each sample. Next, PE sequences were extracted for each sample with
the filterbyname.sh function of BBTools. After these steps, orientation of PE sequences was
corrected by the extract_barcodes.py function of QIIME (version 1.8) (Caporaso et al., 2010).
After removing primers with the awk command, the PE sequences were fed to DADA2
(Callahan et al., 2016) for filtering, dereplication, chimera check, sequence merge, and
amplicon sequence variant (ASV) calling. All sequencing reads, including those from Wen et al.
(2018) and Unger et al. (2021a), were merged into a common ASV file which provided the basis
for all following analyses. Taxonomic assignment was referred to SILVA138 (Quast et al., 2013)
in platform QIIME2 (Bolyen et al., 2019).

2.5.3 Visualization and statistical analyses

Several R packages (simba, Jurasinski and Retzer, 2012), dplyr (Wickham et al., 2021),
reshape2 (Wickham, 2007), forcats (Wickham, 2021), and scales (Wickham and Seidel, 2020)
were used to visualize and explore microbial community data in R. We followed Unger et al.
(2021a) and used bubble plots and nonmetric multidimensional scaling (NMDS) ordinations to
investigate changes in the microbial community structure and in the structure of the
communities of specific groups (methanogens, methanotrophs, SRB and ANME) of different
sites and depths with the DNA and RNA data. We provide the R workflow as Supplement. In
brief, we constructed bubble plots to visualize dissimilarity in microbial community composition
at the order (methanogens, methanotrophs), class (SRB), and genus (ANMEs) level among
subsites and across sampling periods. We extracted the relevant groups from the data by
searching for text strings using regular expressions across the whole taxonomy for the DNA
and, where available, for the RNA data. Then we transformed the data from wide format to
molten format and plotted the bubble plots using ggplot2 (Wickham, 2016) and arranged them
using ggpubr (Kassambara, 2020). To account for the different sizes of the bacterial and the
archaeal datasets and strongly varying count numbers across taxonomical units, we used

Wisconsin double standardization at each group level (vegan package, Oksanen et al., 2020).
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Further, we built NMDS plots by using the metaMDS() function of R package vegan (Oksanen
et al., 2020) at the domain level to examine differences in relative abundances of bacteria and
archaea over sampling locations and time (sampling campaigns). Here, we applied Wisconsin
double standardization on the entire bacterial and archaeal dataset each before running the
NMDS. We used the envfit() function of package vegan (Oksanen et al., 2020) in order to add
environmental variables to the NMDS ordination configurations. Colors were used according to
a colorblind-friendly palette from ggthemes (Arnold, 2021). To visualize quantitative differences
in functional gene abundances, we created depth profiles using the R packages ggplot2
(Wickham, 2016), ggpubr (Kassambara, 2020) and patchwork (Pedersen, 2020). In addition,
we created depth profiles of pore water variables such as pH, electrical conductivity, dissolved
gas, sulfate and chloride concentrations, and gas isotopic signatures. To test for differences in
average values, we used ANOVA and a post hoc Tukey test for normally distributed data. For
not normally distributed variables, we used the Kruskali Wallis test and Wilcoxon test (including
Bonferroni correction) as a post hoc test for more than three subgroups and a Manni Whitney
U test for exactly two variables. To display average values for different subgroups (usually mean
values with standard error if not indicated otherwise), we used the psych package (Revelle,
2020).

3. RESULTS

3.1 Brackish water effect on surface and pore water geochemistry

The year 2019 after the brackish water inflow in January had a mean annual air temperature of
10.7 °C and an average annual precipitation of 605 mm. Thus, 2019 was warmer (+1.1 °C) and
slightly drier (-30 mm) than the averages of the latest 30-year reference period (19911 2020,
DWD Germany; see Sect. 2.1). Since rewetting in 2009, water levels resided largely above the
ground surface year-round. During the drought in 2018, however, mean water levels near
station HC2 ranged between -0.61 (below ground) and 0.59m (above ground) and stayed below
the ground surface for 153 d. In 2019, water levels showed much less variation and ranged
between -0.07 and 0.36 m, dropping to below the ground surface on only 2 d.

The inflow event in January 2019 created a pronounced lateral brackish zonation in the surface
water, which was essentially shaped by the separating effect of the main ditch, which crosses
the area in NEi SW direction: HC3 and HC4, located north of the ditch and closest to the Baltic
Sea, had the highest electrical conductivities (ECs > 22 mS cm), whilst HC1, located south of
the ditch and furthest inland, had lowest EC values (O11 mS cm™, Fig. 9). The data measured
during our Post-inflow Spring2019 campaign in April/-May at the distinct transect stations were
in line with these initial inflow patterns, although the EC had decreased significantly overall
since January. Surface water EC decreased down to 12 mS cm™ in the vicinity of the Baltic Sea
at HC3 and HC4 and down to 7 mS cm at the inland spots HC1 and HC2. By autumn (Post-
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inflow Autumn2019), EC values at HC3 and HC4 dropped down to 8.7 mS cm™, while the EC
values at the inland locations HC1 and HC2 were 5.3 and 6.3 mS cm, respectively. As a result,
the lateral brackish water gradient that had been established due to the inflow event (Fig. 9)
had largely leveled out within 11 months. In parallel to EC, surface water sulfate concentrations
also decreased from 3.9 mM (HC4) and 2.7 mM (HC1) down to 1.2 and 0.2 mM, respectively,
between Post-inflow Spring2019 and Autumn2019. Unlike sulfate concentrations, which
decreased throughout all locations from Post-inflow Spring2019 to Autumn2019, chloride
concentrations only decreased at the inland locations HC1 and HC2 and increased at HC3 and
HC4, the locations closer to the Baltic Sea (Tab. S1, not attached, see
https://doi.org/10.5194/bg-19-3625-2022-supplement). This created a lateral span from HC4
(47.3 mM) towards HC1 (12.4 mM) in Post-inflow Autumn2019, which did not occur in Post-
inflow Spring2019. The divergent temporal dynamics of surface water chloride concentrations
at different areas of the peatland were also reflected by the sulfate/chloride (SO4%/ CI) ratios:
S04/ CI ratios at all locations in Post-inflow Spring2019 were within a narrow range of 0.09i
0.12 and decreased towards Post-inflow Autumn2019 (0.01i0.03) by around 1 order of
magnitude and were then highest at HC4 and lowest at HC1 (Tab. S1).

In the pore water, there was a general and significant increase in EC (from 5.1 + 2.8 to
9.1 + 3.3 mS cm™ p < 0.001, Wilcoxon test), sulfate (from 1.1 + 3.7t0 5.3 + 6.9 mM, p <
0.001, Wilcoxon test) and chloride concentrations (from 37.8 + 22.8 to 55.1 £ 22.4 p <
0.05, Wilcoxon test) after the inflow from Baseline2014 conditions to Post-inflow
Autumn2019, averaged over all four locations and across all sampling depths (Fig. 10b, ¢
and d; for average values see Tab. S1). The individual depth profiles are, however, shaped
by their specific location along the lateral brackish gradient and the pre-existing
Baseline2014 sulfate concentrations. Pore water sulfate levels at HC3 and HC4 close to
the Baltic Sea increased only moderately from average 0.02 and 0.16 mM at Baseline2014
to 0.8 and 0.7 mM in Post-inflow Autumn2019, respectively. In contrast, sulfate
concentrations at HC1, furthest inland, increased strongly from a low level of only 0.01 mM
(Baseline2014) to 9.9 mM (Post-inflow Autumn2019) and thereby approached the record levels
of HC2. HC2 had highest preexisting Baseline2014 sulfate concentrations at deep pore water
layers (Fig. 10g). Averaged across the profile, sulfate concentrations at HC2 increased from 3.5
to 8.9 mM after the inflow (Tab. S1). In Post-inflow Autumn2019, pore water chloride
concentrations increased mostly in upper peat layers at all four locations after the inflow (Fig.
10d) but to a higher extent at locations in proximity to the Baltic Sea (HC3 and HC4, with
averages across the peat profile: 68.1 and 74.8 mM, respectively) and to a lesser extent at
locations HC1 (23.5 mM) and HC2 (57.1 mM).
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Figure 10. APPENDIX 1: Compilation of depth profiles for pore water variables; panels (a)i (d) and (i)i (I) show
comparison between Baseline2014 (n = 42) and Post-inflow Autumn2019 (n = 261 32) at locations HC1i 4; panels
(e)i (h) and (m)i (p) show comparison between Baseline2014 (n = 12), Drought2018 (n = 24), Post-inflow Spring2019
(n = 8) and Post-inflow Autumn2019 (n = 8). Colors represent the different sampling campaigns, and symbols show
different sampling locations. The lines depict a spanD0.5 LOESS smooth along the data points and are meant to
guide the eye. The shaded areas represent the respective confidence interval of 95% according to standard errors
of the models. A colorblind-friendly color palette fi4lass Rd Y| Buwas wused from

https://colorbrewer2.org/?type=diverging&scheme=BrBG&n=4#type=diverging&scheme=RdYIBu&n=4 (last access:
28 January 2022).
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Baseline2014 pore water chloride concentrations showed similar differences in magnitude like
sulfate concentrations, but here concentrations were lower at HC1 (12.4 mM) compared to the
other three locations (40.51 47.4 mM; see Tab. S1).

When zooming in to HC2 (Fig. 10ei h), where we have additional sampling data (Drought2018
and Post-inflow Spring2019), a new sulfate concentration maximum of almost 40 mM becomes
apparent in depths below 35 cm during the Drought2018 (Fig. 10g). At the same time, chloride
concentrations hardly increased during the drought but rather in Post-inflow Autumn2019 (Fig.
10h). The additional data at location HC2 also show a gradual increase in EC starting in Post-
inflow Spring2019 in the surface layers and increasing throughout the peat profile towards Post-
inflow Autumn2019 (Fig. 10f).

3.2 Greenhouse gas fluxes, concentrations and isotopic signatures in the pore water

All CH, fluxes measured in 2019 differed slightly but not significantly among locations despite
the differences in surface water EC and sulfate concentrations. Overall, CH. fluxes averaged
(median) 0.06 and 0.4 mg m? h? in Post-inflow Spring2019 and Post-inflow Autumn2019,
respectively (Tab. S1), and differed significantly between the post-inflow seasons (p < 0.01,
Manni Whitney U test).

Dissolved CH4 concentrations in pore water samples decreased from an average of 232.6 +
161.8 ¢ Min the Baseline2014 sampling to an average of 158.0 £ 155.4 ¢ Min our Post-inflow
Autumn2019 sampling. Whereas CH4 concentrations varied strongly with location and depth in
2014, the depth variation was much lower in Post-inflow Autumn2019, while the variability
across locations did not change much (Fig. 10i). Like CHa, also CO2 concentrations decreased
from Baseline2014 (9.8 £ 6.9 mM) to Post-inflow Autumn2019 (1.8 + 1.0 mM) and were
significantly different between the two years (Wilcoxon test, p < 0.0001). This strong decrease
was associated with a strong decrease in depth-dependent variation (Fig. 10j). At location HC2
(Fig. 10mi n), where additional measurements were taken during the Drought2018 and Post-
inflow Spring2019, CH4 concentrations remained relatively high at the surface in Drought2018,
but were lower in deeper layers and showed much less depth variation than Baseline2014 (Fig.
10m). Here at HC2, CHs concentrations decreased from average 297.1 + 2186 ¢ M
(Baseline2014) to 70.9 + 114.3 ¢ M(Drought2018) and increased strongly to an average of
325.4 £ 126.7 ¢ Min Post-inflow Spring2019, showing the highest values in almost all sampled
depth sections. In Post-infow Autumn2019, the pore water CHs concentrations at HC2
decreased again but remained, on average (91.0 + 68.7 € M)sljghtly higher than during the
Drought2018. Similarly, CO, concentrations (Fig. 10n) decreased strongly from Baseline2014
(16.6 = 7.3 mM) to during the Drought2018 (1.1 + 0.4 mM) in the same pore water samples
(HC2) but increased only marginally in Post-inflow Spring2019 (1.4 £ 0.2 mM) and Post-inflow

Autumn2019 (2.2 £ 1.5 mM). While strong decreases in depth variation of CO, concentrations
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were found during the Drought2018 and in Post-inflow Spring2019 shortly after the inflow, depth
variation slightly increased in Post-inflow Autumn2019, with the highest values with increasing
depths (Fig. 10n).

At all locations (Fig. 10k), U**C-CH, values were significantly lower (-64.7 + 4.1 & , p < 0.001,
Tukey test) in Post-inflow Autumn2019 compared to Baseline2014 (-60.6 + 2.6 & ) U*3C-CO;
values (Fig. 10l) also became more negative after the inflow and differed significantly between
Baseline2014 and Post-inflow Autumn2019, averaging -5.2 + 53 and -20.94 + 2.1 a,
respectively (p < 0.001, Tukey Test). At HC2 (Fig. 100), U**C-CH,4 decreased steadily from
Baseline2014 (max: -57.8 a ) ,Drought2018 and Post-inflow Spring2019 to Post-inflow
Autumn2019 (min: -72:6 & ) It is also apparent that the decrease in U*3C-CO, already took
place during Drought2018 (Fig. 10p), leading to significant differences between the
Baseline2014 and the Drought2018 (p < 0.001, Tukey Test) at location HC2. Here, average
UC-CO; decreased from -8.4 + 5.7 & (Baseline2014) to -19.9 + 5.1 & (Drought2018),
increased in Post-inflow Spring2019 (-15.2 + 5.2 & ) and decreased again in Post-inflow
Autumn2019 (-21.5+0.94a ) .

3.3 Microbial community composition

Throughout all sampling locations, the most abundant groups of methanogenic archaea
belonged to the orders Methanosarcinales, Methanomicrobiales, Methanobacteriales,
Methanofastidiosales, Methanocellales and Methanomassiliicoccales (orange, Fig. 11a).
Increases and decreases in DNA-based relative abundances in individual depth sections
caused methanogenic archaea to appear more homogenous along the peat profile in Post-
inflow Autumn2019 compared to the Baseline2014. While acetoclastic groups, especially
Methanosaeta (or Methanothrix, Brauer et al., 2020), within the Methanosarcinales order
remained rather constant, CO,-reducing and some potentially methylotrophic methanogens like
Methanomicrobiales and taxa within Methanobacteriales gained in relative abundance after the
inflow. Among the methanotrophic bacteria, the genera Methylocystis and Methylosinus within
the order Rhizobiales were most abundant at the Baseline2014 sampling and decreased in
Post-inflow Autumn2019, while representatives of the order Methylococcales increased and
were subsequently present throughout the whole depth profile from 0i 50 cm. Candidatus
Methylomirabiles oxyfera within Methylomirabilales were found in low abundances at the
Baseline2014 sampling and appeared in higher abundances in Post-inflow Autumn2019 at HC1
and HC4 (blue, Fig. 11a).
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Figure 11. APPENDIX 1: Bubble plots showing the microbial community composition and relative abundances from
all sampling locations along the surface water salinity gradient (a) and the sampling location HC2 (b, c). On the y
axes the taxonomical groups on order (methanogens, methanotrophs), class (sulfate-reducing bacteria, SRB) and
genus level (anaerobic methanotrophic archaea, ANME) are displayed. The x axes show (a) the locations HC1i 4
and sampling depths, where codes correspond to the depths, 1 = 0i 5, 2 = 5i 20, 3 = 201 40, 4 = 401 50 cm, and (b,
c) the depth in centimeters (cm). Coloring reflects the different microorganism groups. Circle sizes represent relative
abundances (square root transformed) of different taxonomic groups from (a, b) DNA- and (c) RNA-based
sequencing (cDNA data derived from RNA extraction). Note that groups are not adding up globally but sum up to
100% within each group (methanogens, methanotrophs, SRB, ANME). Please also note that preservation methods

differed slightly between the studies.

Sulfate-reducing bacteria (SRB) were already present in relatively moderate abundances during
the Baseline2014 sampling. The most dominant classes in Baseline2014 were Desulfobacteria
and Desulfobaccia (green, Fig. 1la). Other SRB classes such as Desulfovibrionia,
Desulfotomaculia and Desulfobulbia were distributed more equally and higher in relative
abundance in surface peat soil in Post-inflow Autumn2019 (green, Fig. 11a). The anaerobic
methanotrophic Candidatus Methanoperedens was found in most locations in high relative
abundance (black, Fig. 11a). In Post-inflow Autumn2019, relative abundances of Candidatus
Methanoperedens decreased strongly at location HC3 and HC4. ANME-3 was only present in
high relative abundances in the surface peat layer at HC2 in Baseline2014 (black, Fig. 11a). In
Post-inflow Autumn2019, ANME-3 was only detected between 207 40 cm at HC3.

At location HC2 (Fig. 11b), a more detailed picture of the microbial communities was possible

due to two additional sampling campaigns during the Drought2018 and in Post-inflow
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Spring2019. Despite differences in biogeochemical conditions, it appears that the microbial
community compositions and DNA-based relative abundances at HC2 show similar patterns
comparable to the other locations during the Baseline2014 and Post-inflow Autumn2019
samplings (Fig. 11a). According to the data from HC2, most methanogenic orders increased
during the drought and remained high in abundance after the brackish water inflow such as taxa
within Methanomicrobiales and Methanobacteriales (orange, Fig. 11b). In contrast,
Methanofastidiosales decreased shortly after the inflow (Post-inflow Spring2019) and increased
in deeper peat layers towards Post-inflow Autumn2019 (orange, Fig. 11b). Other methanogens,
such as Methanomassiliicoccales and Methanocellales, decreased during the Drought2018
(orange, Fig. 11b). Both orders remained low in abundance after the inflow of brackish water.
Putatively active methanogen taxa (RNA-based communities) changed only slightly from the
Drought2018 towards the post-brackish water inflow year (Fig. 11c). These changes were

mostly in line with the changes observed in the DNA-based data (Fig. 11b).

Within bacterial methanotrophs at location HC2, Methylococcales became more abundant
during the Drought2018 and remained high in DNA-based relative abundance as the most
dominant methanotrophs after the brackish water inflow (blue, Fig. 11b). In general, the
abundances of Rhizobiales decreased during the Drought2018 and even more so in Post-inflow
Spring2019 and Autumn2019. Methylomirabilales increased during the Drought2018 in peat
layers below 40 cm and disappeared almost completely after establishment of higher water
tables post-inflow. The RNA-based abundances of aerobic methanotrophic bacteria like
Methylococcales were similarly high during Drought2018 and postinflow conditions, while RNA-
based abundances of Rhizobiales were lower (blue, Fig. 11c), which reflects the results of DNA
analysis (blue, Fig. 11b).

In the DNA-based community profile, most SRBs (Desulfovibrionia, Desulfotomaculia,
Desulfobulbia, Desulfobacterota) increased in relative abundance at HC2 during the
Drought2018 and remained highly abundant in most peat layers in Post-inflow Spring2019 and
Autumn2019 (green, Fig. 11b).

DNA-based abundances of Candidatus Methanoperedens increased already during the
Drought2018 and remained high afterwards through the whole peat profile (black, Fig. 11b).
DNA-based ANME-3, which were detected in surface layers in Baseline2014 at location HC2,
were still present during the Drought2018 but with low abundances in Post-inflow Spring2019
and Autumn2019 (black, Fig. 11b).

3.4 Absolute abundances of microbial groups (QPCR)
Mean total prokaryote gene sequence abundances (16S rRNA gene) were very similar among

the four sampling campaigns, whereas abundance variation along depth sections decreased
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after the brackish water inflow (Fig. 12a). Absolute methanogenic (mcrA) and aerobic
methanotrophic (pmoA) gene copies (per gram of dried soil) were lower at the surface layer and
higher at deeper peat layers in Post-inflow Autumn2019 at all locations compared to
Baseline2014 conditions (Fig. 12b and c). Average mcrA gene copies did not differ largely
across sampling campaigns, but pmoA gene copies decreased slightly but not significantly
towards Post-inflow Autumn2019, despite considerable spatial variability. Functional genes
encoding for sulfate-reducing bacteria (dsrB) increased significantly (Wilcoxon test, p < 0.001)
in absolute abundance after the brackish water inflow at all locations (Fig. 12d). Mean dsrB
gene copy numbers from Post-inflow Autumn2019 were close to 3 orders of magnitude higher
compared to the Baseline2014.

Zooming in on the higher temporal resolution at HC2 shows that absolute methanogenic
abundances (mcrA) increased during the Drought2018 and Post-inflow Spring2019 and
increased further in Post-inflow Autumn2019 (Fig. 12f). Methanotrophs (pmoA) also increased
already during the Drought2018 but decreased Post-inflow Spring2019 to the level from before
the Drought2018 (pmoA, Fig. 12g). SRB abundances (dsrB) increased slightly during the
Drought2018 but increased much more strongly in Post-inflow Spring2019 and especially after
additional 6 months, in Post-inflow Autumn2019 (Fig. 12h).

3.5 Microbial community composition similarities through time

The NMDS ordinations (Fig. 13) revealed clustering according to different sampling times and
locations. The overall composition of the bacterial communities at different sampling locations
and depths showed strong similarities across all sampling campaigns (Baseline2014,
Drought2018, Post-inflow Spring2019, Post-inflow Autumn2019) as reflected in the substantial
overlap of the polygons in Fig. 13a. Also, the overall archaeal community compositions
overlapped quite strongly between sampling dates, but a distinct clustering was more clearly
visible (Fig. 13b).

In the bacterial ordination, the Baseline2014 samples were associated with slightly higher EC
and CO; concentrations and with more enriched **C in CH,4 (see post hoc fit arrow in Fig. 13a)
compared to the other sampling campaigns. Those surface samples of HC2 during the
Drought2018 with low sulfate concentrations had higher pH values. Although Drought2018
sampling was only conducted at location HC2, the Drought2018 cluster spanned a wide range
of the complete bacterial variation, and post-inflow bacterial community composition was almost
entirely a subset of it. Post-inflow Spring2019 samples (also only HC2) appeared as a subset

of the Post-inflow Autumn2019 samples, when cores were taken at all locations.
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Figure 12. APPENDIX 1: Depth profiles (a) of locations HC1i 4 and (b) location HC2 showing log10 abundances
(copies/g dry sail) of functional genes (16S rRNA, mcrA, pmoA and dsrB), derived from gPCR analysis. Sample sizes
differ between top and bottom plot and are as follows. HC1i 4 in Baseline2014: n = 341 42; Post-inflow Autumn2019:
n =32. HC2 in Baseline2014: n = 7i 12; Drought18: n = 16; Post-inflow Spring2019: n = 8; Post-inflow Autumn2019:
n = 8. Different colors visualize different sampling dates. Trend lines were estimated using LOESS with a span of 0.5
and are meant to guide the eye. Shaded areas show the confidence interval according to standard errors. The

confidence interval for all locations (ai d) is 95 %,; the confidence interval of location HC2 (el h) was set to 50 %.
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Figure 13. APPENDIX 1: NMDS ordination on bacterial and archaeal community composition according to sampling
campaign (polygons; for color-coding, see bottom-left legend in panel a), sampling locations (for symbols of HC1i 4,
see bottom-right legend in panel a), depths (for grey shades, see top-right legend in panel b) and sulfate
concentrations (minimum and maximum values in mM represented by symbol sizes; see bottom-right legend in panel
b). Proximity of colored symbols can be interpreted as similarities in bacterial and archaeal community composition.
Arrows indicate the direction of change in environmental variables (only those variables that showed significant

correlation to the domination configuration are shown).

Baseline2014 archaeal communities (Fig. 13b) differed from the Drought2018 and post-inflow
(Spring2019 and Autumn2019) clusters and were more variable. At the same time, the *C in
CH4 and DIC in the pore water samples was positively correlated with Baseline2014 samples.
Similar to the bacterial Drought2018 communities, also archaeal Drought2018 communities
showed large similarities with the post-inflow communities but did not cover the variations at
locations HC1 and HC4 in Post-inflow Autumn2019, where the archaeal communities seemed
to have been very different from the HC2 communities during the Drought2018. Post-inflow
Spring2019 archaeal communities overlapped largely with the Post-inflow Autumn2019

communities and were a subset like the Post-inflow Spring2019 bacterial communities.

The communities of the Baseline2014 data and those from the Drought2018 and Post-inflow
2019 seemed to be associated with changes in pore water trace gases, since their isotopic
signatures and DIC concentrations were the only physicochemical variables that were
significantly correlated with the ordination configuration with a positive change vector in the
direction of the Baseline2014 positions. Sulfate-dominated plots were distinctly clustered within
Baseline2014 and Drought2018, but not across sampling campaigns, and seemingly correlated
with peat soil depth. Sulfate was, however, not a significant variable among the bacterial or the

archaeal communities.
4. DISCUSSION
4.1 Effect of brackish water inflow on surface and pore water geochemistry

The January 2019 storm surge brought brackish water into the freshwater rewetted peatland,
but the emerging biogeochemical shift was not equally distributed across the sampled transect.
Instead, two zones of different brackish impact formed, separated by the main ditch, with higher
electrical conductivity (EC) values close to the Baltic Sea (HC3 and HC4) and lower EC values
further inland (HC1 and HC2; see also Fig. 9). Nevertheless, large increases in EC (0.6 to 7.6
mS cm?) as well as in sulfate (0.1 to 5.6 mM) and chloride (2.9 to 55.6 mM) concentrations
between April 2018 (Ibenthal, 2020) and April 2019 (this study) were observed in the surface
water near location HC2. Given that EC, sulfate and chloride concentrations increased at every
single location in the pore water from the Baseline2014 sampling to the Post-inflow

Autumn2019 sampling (Fig. 10b, c and d), we can assume that the surface water geochemistry
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also changed at locations HC1, HC3, and HC4 and that all locations were affected by the

brackish water inflow in spring 2019 post-inflow despite the different distances to the Baltic Sea.

The brackish water inflow is also reflected by sulfate/chloride (SO4%/ CI) ratios in the surface
water that exceeded (0.091 0.12) the ratio of the southern Baltic Sea coast (0.07, Rheinheimer,
2013) at all locations shortly after the inflow. The f e rsdrface water SO,/ CI ratio decreased
from spring towards autumn post-inflow. The reduction was higher at locations HC3 and HC4
than at HC1 and HC2. At location HC1 and HC2, surface sulfate concentrations decreased in
parallel with chloride concentrations, which might be a result of dilution with freshwater. At HC3
and HC4 close to the Baltic Sea, surface water EC and sulfate concentrations had decreased

between spring and autumn post-inflow while chloride concentrations had not (Tab. S1).

Although we lack direct evidence for increased sulfate reduction rates, we can assume that
sulfate was microbially processed in the underlying peat soil indicated by the reduction of
surface water sulfate concentrations. Similar to the surface water patterns, pore water chloride
concentrations increased at a much higher rate after the inflow in autumn 2019 at HC3 and
HC4 compared to HC1 and HC2. However, unlike in the surface water, pore water sulfate
concentrations also increased post-inflow but were much lower at HC3 and HC4 compared to
HC1 and HC2, suggesting depletion of the sulfate reservoir through microbial sulfate reduction
at locations close to the Baltic Sea. This was also seen by the increased absolute abundances

of sulfate-reducing bacteria (SRB; see Fig. 12d and h).

Despite the fact that the locations differed in pore water biogeochemistry, the shift from
freshwater to brackish conditions was clearly visible. This is especially true, because sulfate,
chloride and EC levels showed an approximation of the freshwater-influenced upper part and
the partly brackish-influenced deeper pore water (HC2) after the inflow (Fig. 10b, c and d). Most
probably, new sulfate from the inflow sits on top of the old relicts and will thus help to suppress

methane emissions, since sulfate reservoir is no longer depleted (Jurasinski et al., 2018).

The legacy effect of the preceding drought should nevertheless be accounted for regarding its
influence on the changes in sulfate concentrations. At location HC2, pore water sulfate
concentrations were already higher than at the other three locations, where sulfate was almost
completely exhausted during our baseline study in 2014 (Koebsch et al., 2019). During the
drought year 2018, sulfate concentrations at HC2 increased further up to 40 mM, which was
most likely due to the oxidation of existing sulfides yielding higher sulfate concentrations than
originally present in the pore water (Boman et al., 2008, 2010).

When the drought-induced drop of the water levels recovered parallel to the brackish water
inflow, sulfate levels at HC2 decreased (Fig. 10g). Most likely, the water table reservoir got filled

up with freshwater before the inflow, reducing the effect that the inflow of sulfate-containing
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brackish water may have had on the sulfate concentrations in the pore water. Nevertheless,
sulfate concentrations remained higher than the baseline 2014 levels observed at all locations
(Fig. 10c), including the remote location HC1 most distant from the Baltic Sea. Further, chloride
as a conservative tracer also increased after the inflow at all four locations (Fig. 10d), which is
most unlikely due to drought-induced salinization. Therefore, the drought cannot be the only
source for the observed increase in pore water ion concentrations, and, hence, we can assume
that brackish water inflow and not only the legacy effect of the drought in 2018 changed sulfate
concentrations in the surface and pore water, which was critical for the methane dynamics and

the microbial community composition (Fig. 8).

So, what does this mean in a broader context? The whole peatland was affected by a single
storm surge and the resulting brackish water inflow. Such events are likely to happen more
frequently and possibly more intensely in the future in the investigated site and in many low-
lying peatlands as a consequence of global-warming-induced sea level rise (Jurasinski et al.,
2018). In parallel, as temperatures increase and weather patterns are getting more extreme,
drought periods in peatlands may occur more often in the future. Thus, we were able to study
possible future events, rendering the results exemplary for other coastal peatlands. The change
from drought conditions to brackish water inflow might even trigger similar process chains in
non-rewetted, still-drained fens, since their normal is the dry situation. Brackish water inflow is
sometimes, also by some of the authors, discussed as a possible way to reduce methane
emissions after rewetting of peatlands, even if they are not intentionally rewetted as a natural-
based solution for climate change mitigation. However, although the sulfate input and/or
activation we have seen seems to have been beneficial because it leads to lower methane
emissions, salinization is also seen as a dangerous threat to many coastal ecosystems. In
addition, sulfate might lead to higher peat mineralization rates (Zak et al., 2019), and the
produced CO; could outweigh the positive effects of lower methane emissions in the long term.
Therefore, further research in a variety of shallow coast peatland ecosystems is necessary to
draw final conclusions. Since these complex ecosystem effects are hard to investigate in

experimental studies, this calls for a network of long-term monitoring sites.
4.2 Effect of brackish water inflow on greenhouse gas pools in the peat soil

The UG¥C-CH, values decreased after brackish water inflow (in autumn 2019, Fig. 10k),
indicating isotopically lighter, newly produced CH, and suggesting that the formation of *C-
depleted methane increased slightly, potentially as a result of shifts in methanogenic pathways.
Microorganisms preferentially take up isotopically lighter substrates (**C) and leave heavier
substrates (**C) in the soil, so values that are more negative indicate more microbially produced
12C-CH,, e.g., during methanogenesis (Oremland, 1988). At the same time, the overall

decrease in CH4 concentrations post-inflow (Fig. 10i) suggests less methanogenesis after the
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inflow, assuming no major changes in effluxes. This is, however, only the case in autumn 2019.
Five months after the inflow at location HC2, we observe an increase in CH4 concentrations
(Fig. 10m). It seems like CH,4 concentrations in the peat soil of locations HC2 decreased during
the drought (Unger et al., 2021a), increased shortly after the brackish water inflow and
decreased again after another 7 months (Fig. 10m). During the drought, aerobic conditions and
re-oxidation of terminal electron acceptors likely hampered methanogenesis (Achtnich et al.,
1995; Dettling et al., 2006). However, methane production must have been triggered again at
the beginning of 2019 due to the water table increase, availability of substrates (Koebsch et al.,
2020) and the re-establishment of anaerobic conditions (Whiting and Chanton, 1993; Popp et
al., 1999). In autumn 2019, methanogens likely became substrate- and temperature-limited,

and, thus, CH4 concentrations might have decreased for these reasons.

We do not observe indicators for sulfate-driven anaerobic CH. oxidation based on the isotopic
signatures and microbial community data (see below) after the inflow as anticipated.
Specifically, we expected a clear drop in peat methane concentrations and a shift towards more
positive values, because microbes also take up lighter *?C-CH,4 for methane oxidation rather
than the heavier *C-CH, (e.g., Whiticar et al., 1986; Oremland, 1988; Meister et al., 2019).
Instead, we see a shift towards more negative U**C-CH, values (Fig. 10k). While this seemed
contradictory at first sight, this may be explained by the observation that methane produced
under thermodynamically more unfavorable conditions, e.g., in microenvironments (Knorr et al.,
2008), tends to be more depleted in 3C (Penning et al., 2005).

The decrease in U**C-DIC between the baseline sampling in 2014 and autumn 2019 sampling
post-inflow indicates an increase in non-methanogenic CO; production (Fig. 10I). The isotopic
signatures from HC2 suggests that a depletion of 3C in the DIC pool already took place during
the drought year 2018 (Fig. 10p). Since aerobic conditions fuel decomposition and enhance the
diffusivity of the peat soil, CO, production might have therefore increased (Alm et al., 1999). In
spring 2019, shortly after the brackish water inflow, DIC became less depleted in *C (potential
onset of methanogenesis, Fig. 10p) compared to drought conditions, especially in the peat layer
below 20 cm. However, in autumn post-inflow, values of G**C-DIC decreased down to the level
of the drought (Fig. 10p), indicating increased CO- production. This can be attributed to the
increase in the water table and potentially non-methanogenic CO, production (Knorr et al.,
2008).

Other than via aerobic peat decomposition during the drought or via methane oxidation, CO-
may be produced more intensively via sulfate reduction after the inflow of the sulfate-rich
brackish water. In addition, G**C-DIC values from autumn 2019 approached -2 7 &Fig. 10l and

p), which is close to the average values of the most dominant plant species (Cs plants, Meyers,
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1994), indicating non-methanogenic pathways of CO- production (Boehme et al., 1996; Corbett
et al., 2013).

In contrast, concentration measurements in the pore water (Fig. 10n) show that CO, levels
decreased with the drought compared to the baseline sampling and remained low after the
inflow. Unlike the isotopic signatures, this indicates that CO- production was rather low during
the drought and after the inflow. However, trends in trace gas concentrations and isotopic
signatures can also appear contradicting, because gas concentrations are temporally highly
variable and might not reflect biogeochemical processes, since downstream processes likely
use up intermediate products or gases get emitted to the atmosphere. This means that CO,
production might be higher during drought and further on, but the produced CO, might not
accumulate and is therefore not measurable. Increases in CO; emissions from ecosystem

respiration during the drought support this hypothesis (Koebsch et al., 2020).

Overall, the strong depletion of **C in CH4 and the slight decrease in concentrations indicates
that methanogenesis did not decrease to an extent that this could explain the measured
decrease in CH, fluxes (Koebsch et al., 2020). Due to persistently high CH4 concentrations,
strongly negative isotopic signatures and the patterns in microbial community compaosition, we
can conclude that methane oxidation was of minor importance in the peat soil. Sulfate-mediated
anaerobic methane oxidation can also not explain the decrease in pore water isotopic
signatures of UC-DIC in autumn 2019 post-inflow, indicating higher anaerobic but non-
methanogenic CO; production, e.g., via sulfate reduction. If anaerobic CO- production had been
a result of methane oxidation, it had to happen in an area outside the scope of our analysis,
namely the water column or the fresh litter layer above the peat soil (Fig. 8). It is well established
that the fresh organic litter in rewetted peatlands can be a hotspot of biochemical cycling (Hahn-
Schofl etal., 2011), providing nutrients (Wang et al., 2015) and shelter for microorganisms (Bani
et al., 2018). Therefore, in the future, it seems advisable to include the above layers, namely,
the open water and the fresh litter in similar studies. C cycling might have changed after the
complex impact of the drought and the subsequent brackish water inflow from well-known
patterns, turning the usual role of the water column from an area of potential methane

production into an area of methane oxidation in the investigated ecosystem.
4.3 Effect of brackish water inflow on methane-cycling microorganisms

The inflow of sulfate-containing brackish water caused two main changes within the microbial
communities: (1) sulfate-reducing bacteria (SRB) increased both in relative and absolute
abundance (Figs. 11, 12d and h) and (2) methanogenic archaea changed regarding the
community composition but not in absolute abundances (Fig. 11). Changes within the
methanotrophic community after the inflow, both aerobic and anaerobic, were marginal. SRB

communities were clearly affected by the inflow of brackish water, because they only increased
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strongly in absolute abundances after the inflow but not during the drought (Fig. 12h). This even

holds for HC2, where sulfate concentrations were higher during the drought than after the inflow
(Fig. 109).

To determine the direct effect of the inflow on the methanogenic and methanotrophic
communities, excluding the legacy effect of the drought is more difficult. After the inflow, we
observed the highest reduction of methanogenic archaea (mcrA) and aerobic methanotrophic
bacteria (pmoA) in the upper layers of the peat soil (Fig. 12b and c). In deeper layers,
methanogens and bacterial methanotrophs increased in abundance relative to baseline
conditions. Zooming in to location HC2, where we measured total and putatively active
microbes also during the drought in 2018 and in spring 2019 after the inflow, we must conclude
that methanogenic and methanotrophic absolute abundances had changed already during the
drought and did not change much further after the brackish water inflow (Fig. 12f and g). Aerobic
methanotrophs like Methylococcales were likely activated under oxic drought conditions
(Henckel et al., 2001; Ma et al., 2013; Unger et al., 2021a) and remained present when the

water came back after the inflow (Fig. 11b).

The data from HC2 also show that methanogens increased in absolute abundances mostly at
peat layers below 5 cm during the drought and remained high afterwards, whereas they
decreased in the surface peat (Fig. 12f). At the surface, the reduction of methanogenic
abundances due to the previous drought, also shown in other studies (Peltoniemi et al., 2016),
might have persisted after the brackish water inflow because re-establishment was likely
hindered by competition for substrate with sulfate-reducing bacteria (Schonheit et al, 1982;
Scholten et al., 2002; van Dijk et al., 2019). In deeper layers, however, the increase in absolute
methanogenic abundances (Fig. 12b and f) might result from a lack of competition between
SRB and methanogens for substrate. This could have two reasons: (1) there was enough labile
litter available after the drought due to plant dieback (Hahn-Schofl et al., 2011) and different
microbial processes are taking place simultaneously or (2) methanogens did not use organic
compounds such as acetate but rather methylated compounds (Sdéllinger and Urich, 2019) or
hydrogen and COs.. In this context, the microbial community data and C isotopic signatures of
CH, and DIC suggest a relative increase in methanogenic CO; reduction, which potentially

benefits from an increase in non-methanogenic CO; production.

Similar to the isotopic values and CH,4 concentrations, the molecular microbial data provide no
evidence for substantial methane oxidation in the peat after the brackish water inflow. Although
we detected some taxa associated with anaerobic methane oxidation, specifically Candidatus
Methanoperedens (ANME 2d) and ANME-3, their abundance was very low, especially on the
level of transcripts. This holds in particular for groups known to be involved in sulfate-driven

anaerobic methane oxidation (AOM). However, anaerobic methanotrophic archaea are known
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to be slow growing (Nauhaus et al., 2007; Holler et al., 2011; Knittel et al., 2018) and seem to
require stable environmental conditions (Ruff et al., 2016). Peatlands, rewetted ones especially,
are generally highly dynamic systems with regard to hydrology and redox conditions, and the
supply of electron acceptors, mostly sulfate, after the inflow may not have been sufficed for
AOM communities to establish. Aerobic methanotrophs, on the other hand, may be hampered

in their activity by the standing water above surface and lack of oxygen.

Consequently, their population could have become inactive without any major changes in
population size and community structure. Finally, the brackish water inflow could have been
associated with an introduction of marine-derived aerobic and anaerobic methanotrophic taxa.
A measurable change in community composition through this, however, was not observed,
which further supports that methane oxidation was not a relevant process after the storm surge
in the peat unlike it was in the period after the drought in 2018 (Unger et al., 2021a). As
discussed earlier, though, methane oxidation most likely occurred in the standing water above
the peat (Fig. 8) given the substantial drop in methane emissions despite the fact that
methanogenesis seemingly occurred besides alternative anaerobic pathways of C respiration,
mostly sulfate reduction. Methane oxidation in the water column was, however, beyond the

scope of our study.
5. CONCLUSION

Brackish water inflow led to an increase in electrical conductivity and sulfate concentrations in
the surface and pore water of a coastal fen that had originally been rewetted with freshwater.
This resulted in a recharge of sulfate concentrations in the upper pore water layers and a
homogenization of the microbial community composition and abundance along the depth
profiles. Trace gas concentrations showed an overall decrease in methane and CO;
concentrations after the brackish water inflow. Isotopic signatures unexpectedly suggest
increased formation of more **C-depleted CH, and DIC, indicating ongoing methanogenesis,
though shifted towards more methanogenic CO. reduction and non-methanogenic CO;
production. At the same time, no evidence for substantial aerobic and anaerobic methane
oxidation was detected in the peat. Furthermore, sulfate-reducing bacteria (SRB) increased in
overall abundance and diversity throughout the whole peat profile. Presumably, the presence
of sulfate helped SRB to establish a large community in the peat soil, although many members
of this large group had been already present in locally confined high-sulfate environments
during the drought. It remains unresolved, however, why methane emissions decreased to a
new minimum since rewetting more than a decade ago, while methanogenic absolute
abundances and methane concentrations overall did not change or even decreased (Fig. 8).
Possibly, methane oxidation took place within the water column or the fresh litter on the ground

surface above the peat, which was, however, outside of the scope of this study. In conclusion,
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the inflow of brackish water into a freshwater rewetted, highly degraded coastal fen likely
contributed to further reducing methane emissions following a drought in the preceding year.
The sequence of drought and storm surge profoundly altered CH4 emissions and underlain
microbial communities, although at the same time the preceding drought seemingly interfered
with the effect of the inflow. Rising sea levels (and stronger storm surges) due to climate change
are likely to cause an increase in the frequency of brackish water inflow events into coastal
peatlands. This will affect the sulfatei methane dynamics in these systems and thereby change

their biogeochemical-cycling processes and most likely decrease methane emissions.
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ABSTRACT

The rewetting of drained peatlands supports long-term nutrient removal in addition to reducing
emissions of carbon dioxide (CO,) and nitrous oxide (N2O). However, rewetting may lead to
short-term nutrient leaching into adjacent water and high methane (CH4) emissions. The
consequences of rewetting with brackish water on nutrient and greenhouse gas (GHG) fluxes
remain unclear, although beneficial effects such as lower CH4 emissions seem likely. Therefore,
we studied the actively induced rewetting of a coastal peatland with brackish water, by
comparing pre- and post-rewetting data from the peatland and the adjacent bay. Both the
potential transport of nutrients into adjacent coastal water and the shift in GHG fluxes (COa,
CH4, and N2O) accompanying the change from drained to inundated conditions were analyzed
based on measurements of the surface water concentrations of nutrients (dissolved inorganic
nitrogen, DIN, and phosphate, PO,*), oxygen (O.), components of the CO, system, CH,, and

N2O together with manual closed-chamber measurements of GHG fluxes.

Our results revealed higher nutrient concentrations in the rewetted peatland than in the adjacent
bay, indicating that nutrients leached out of the peat and were exported to the bay. A
comparison of DIN concentrations of the bay with those of an unaffected reference station
showed a significant increase after rewetting. The maximum estimated nutrient export (mean
95 % confidence level) out of the peatland was calculated to be 33.8 + 9.6 t yr for DIN-N and

0.24 +0.29 tyr? for PO4-P, depending on the endmember (bay vs. reference station).

The peatland was also a source of GHG in the first year after rewetting. However, the spatial
and temporal variability decreased, and high CH, emissions, as reported for freshwater
rewetting, did not occur. CO; fluxes (mean + SD) decreased slightly from 0.29 + 0.82 g m2 h!
(pre-rewetting) to 0.26 + 0.29 g m2 h* (post-rewetting). The availability of organic matter (OM)
and dissolved nutrients were likely the most important drivers of continued CO, production. Pre-
rewetting CH, fluxes ranged from 0.13 + 1.01 mg m2 h! (drained land site) to 11.4 + 37.5 mg
m=2 h? (ditch). After rewetting, CH, fluxes on the formerly dry land increased by 1 order of
magnitude (1.74 + 7.59 mg m*2 h1), whereas fluxes from the former ditch decreased to 8.5 +
26.9 mg m? h'l. These comparatively low CHy fluxes can likely be attributed to the suppression
of methanogenesis and oxidation of CHs by the available O, and sulfate in the rewetted
peatland, which serve as alternative electron acceptors. The post-rewetting N>O flux was low,

with an annual mean of 0.02 + 0.07 mg m2 h,

Our results suggest that rewetted coastal peatlands could account for high, currently
unmonitored, nutrient inputs into adjacent coastal water, at least on a short timescale such as
a few years. However, rewetting with brackish water may decrease GHG emissions and might

be favored over freshwater rewetting in order to reduce CH4 emissions.
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1. INTRODUCTION

Pristine peatlands are natural sinks for nutrients, in particular nitrate (NO3), and greenhouse
gases (GHGs) such as mostly carbon dioxide (CO;) and occasionally nitrous oxide (N:O;
Martikainen et al., 1993; Regina et al., 1996; Strack, 2008; Kaat and Joosten, 2009). Globally,
peatlands store up to 550 Gt of carbon (C), which is twice the C stock of the total forest biomass
(Moore et al., 1998; Joosten and Clarke, 2002; Kaat and Joosten, 2009).

The drainage of peatlands leads to the mineralization of the topmost peat layer and the
accumulation of nutrients (Smolders et al., 2006; Geurts et al., 2010). After rewetting, peatlands
can therefore be sources of nutrients, especially ammonium (NH*s) and phosphate (PO%4;
Lamers et al., 2002; Duhamel et al., 2017). Conversely, due to the anoxic conditions in the
water-saturated peat, rewetted peatlands can also act as nutrient sinks, mainly for NO; (Fisher
and Acreman, 2004). Whether rewetting leads to nutrient release or uptake is, besides other
factors, controlled by the degree of peat decomposition (Zak and Gelbrecht, 2007; Cabezas et
al., 2012), the water level (Duhamel et al., 2017), and the salinity (Liu and Lennartz, 2019).
Nutrient release is highest in strongly degraded peat in formerly drained peatlands (Zak and
Gelbrecht, 2007; Cabezas et al., 2012). Therefore, removal of the topsoil before rewetting has
been recommended as a measure to greatly reduce the release of PO*, and nitrogen (N;
Harpenslager et al., 2015; Zak et al., 2017). However, nutrient release from peat after rewetting
has mostly been assessed in laboratory and incubation studies. To our knowledge, field data

on nutrient leaching and potential exports to adjacent waters are lacking.

The GHG exchange of peatlands is strongly influenced by the prevailing biogeochemical and
physical conditions, which, in turn, are largely determined by vegetation and the water level
and, thus, the ratio of oxic and anoxic conditions (Kaat and Joosten, 2009). In drained
peatlands, the low water table enables the aerobic decomposition of peat, which is
accompanied by increased CO emissions (Joosten and Clarke, 2002). In rewetted peatlands,
CO. emissions are regulated by photosynthesis, decomposition, and temperature within the
upper oxygen-rich soil layer and the overlying water column (Parish, 2008; Oertel et al., 2016).
In the anoxic water-saturated zones, the formerly oxygen-induced decomposition of organic
matter (OM) is slowed down and relies on alternative terminal electron acceptors (TEAS), such
as NO;, manganese (Mn*"), iron (Fe®*), and sulfate (SO?,), leading to lowered CO; emissions
(Strack, 2008; Dean et al., 2018).

However, methanogenesis, as the last step in the mineralization of OM and a depletion of TEAS,
may become more important in anoxic zones. Methane (CH,4) emissions in drained peatlands
are virtually negligible at water levels < 20 cm below the surface (Jurasinski et al., 2016).
Although CHy, is formed in anoxic zones via methanogenesis, most of it is oxidized as it passes
through the oxic soil layer (Kaat and Joosten, 2009; Dean et al., 2018). Consequently, drained
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peatlands are a minor source of atmospheric CHa. In rewetted peatlands, CH4 is microbially
produced in water-saturated, anoxic soil layers, mainly by archaea, when all other TEAs are
depleted (Schonheit et al., 1982; Oremland, 1988; Segers and Kengen, 1998), so that rewetted
peatlands are often significant sources of CHs (Hahn et al., 2015). However, in coastal
peatlands that receive marine water and therefore SO%4, the contribution of methanogenesis
might be reduced, as methanogenic archaea are out-competed by sulfate-reducing bacteria
(SRB; Bartlett et al., 1987; Capone and Kiene, 1988; Oremland, 1988; Jagrgensen, 2006).
Additionally, any CH4 produced may be oxidized by anaerobic methane oxidation coupled to
S0O?, reduction (e.g., Boetius et al., 2000).

N2O is an intermediate in microbial processes, mostly involving nitrification, denitrification, and
nitrifier denitrification (Kool et al., 2011). In degraded peatlands, all of these processes are
fueled by the accumulated nutrients. Drained peatlands can be weak (Martikainen et al., 1993)
or strong sources of N.O (Liu et al., 2019), depending mainly on the climate zone and land use
(Petersen et al., 2012; Leppelt et al., 2014). Rewetted, and thus water-saturated, peat usually
acts as a N0 sink over long-term scales, due to the formation of anoxic zones where N2O is
consumed (Strack, 2008). However, rewetting can at least temporarily increase the N2O
production and thus its release into the atmosphere due to the high nutrient availability in
strongly degraded peat, which enables higher rates of nitrification and denitrification (Moseman-
Valtierra et al., 2011; Chmura et al., 2016; Roughan et al., 2018).

In temperate latitudes, coastal peatlands are widespread at the interface between marine and
terrestrial ecosystems. However, for many coastal peatlands, the sinking of their ground level
due to degradation and peat shrinkage over decades has made them vulnerable to rising sea
level and sinking coasts (Jurasinski et al., 2018). In Mecklenburg-Vorpommern (northeastern
Germany), currently drained coastal peatlands along the low-lying coastline cover an area of
3601 400 km? (Bockholt, 1985; Holz et al., 1996). Nowadays, peatlands are rewetted to restore
their habitat function and biodiversity, thereby preventing CO, and N.O emissions and, in the
long-term, reestablishing their C and N storage capacity (Strack, 2008; Zielinski et al., 2018).

Coastal drained peatlands may be rewetted in different ways, depending on the available water
source. The rewetting can consist of permanent flooding with freshwater (from groundwater or
rivers), episodical inundations with brackish water, and permanent brackish water flooding.
While the effects of freshwater rewetting (Richert et al., 2000; Hogan et al., 2004; Zak and
Gelbrecht, 2007) and episodical inundations with brackish water on nutrient dynamics and GHG
have been investigated (Chmura et al., 2011; Neubauer et al., 2013; Hahn et al., 2015; Koebsch

et al., 2019), less is known about the impact of permanent brackish water flooding.

In this study we examined the immediate effects of rewetting with brackish water on the nutrient
(NO3), nitrite (NO%), NH*, and PO%*;), and GHG fluxes (CO2, CH4, and N20) in a low-lying,
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highly degraded coastal peatland at the German Baltic Sea coast, by comparing pre- and post-
rewetting conditions. Due to the unique formation of a permanent brackish water column above
formerly drained peat, this is the first study to combine marine shallow water and terrestrial
peatland research. We investigated how the rewetting with brackish water affects (1) nutrient
leaching and the potential transport from a nutrient-enriched, flooded peatland to the adjacent
bay driven by frequent water exchange, (2) the GHG dynamics in the surface water within the
first year after rewetting, and (3) the GHG fluxes along the transition from drained to inundated

conditions.

2. MATERIAL AND METHODS
2.1 Study area

The study area is a low-lying, highly degraded coastal peatland that had been transformed from
a drained, agriculturally used polder to a brackish wetland. The Polder Drammendorf (referred
to in the following as i p e a t [s eada) the northeastern German Baltic Sea coast, on the
western part of the island of Rigen (Mecklenburg-Vorpommern, Germany), bordering on the
Kubitzer Bodden (Fig. 14). The climate is oceanic, with a mean annual air temperature of 9.1
°C and a mean annual precipitation amount of 626 mm (Deutscher Wetterdienst, DWD, 19911
2020). The central Kubitzer Bodden has a mean surface water temperature of 11.4 + 6.6 °C
and a mean surface salinity of 8.5 + 1.4 (referred to in the following as i ¢ e nk a yad&ta
retrieved from a monitoring station of the Landesamt fir Umwelt, Naturschutz und Geologie
Mecklenburg Vorpommern (LUNG MV), 2006i 2020; 54.40° N, 13.11° E; Fig. 14b). For
comparison, the Arkona Basin, the nearby open Baltic Sea basin to the north of the island of
Rugen that influences the water in the Kubitzer Bodden, has a mean surface water temperature
of 10.2 £ 5.6 °C and a mean surface salinity of 8.0 £ 0.5 (MARNET; data originate from the
Leibniz Institute for Baltic Sea Research, Warneminde, Germany, 20061 2020; 54.88° N,
13.86° E).

Like most peatlands in northern Germany, Drammendorf was artificially drained for agricultural
use (pasture and grassland) in the 1960s by establishing a sandy dike and an extensive ditch
system that affected an area of ~2.2 km?. The northwestern part (mostly mineral soil at a higher
elevation) served as grassland, while the northeastern part was used for agriculture, with
seasonal fertilizer application, only until the 1990s (100 kg N ha?' yr'). The southern
compartment (organic soil) provided an area for cattle grazing (30 cows). The topsoil of the
central part consists of up to 501 70 cm highly degraded peat (Brisch, 2015), classified as H7

according to the von Post humification scale (Wang et al., 2021).
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Figure 14. APPENDIX 2: (a) Overview of the study area located in the southern Baltic Sea. (b) Coastline of
northeastern Germany in Mecklenburg-Vorpommern and the study area location (Polder Drammendorf, in red) on
the island of Rligen, bordering on the Kubitzer Bodden, where a monitoring station served as reference (central bay,
in purple). The Kubitzer Bodden is connected with the Arkona Basin to the north. Bathymetry refers to Seifert et al.
(2001), and borders were retrieved from National Oceanic And Atmospheric Administration (NOAA) and National

Centers For Environmental Information (NCEI).
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Figure 15. APPENDIX 2: Topography of the study area and overview of the stations in the inner bay (purple), the
flooded peatland (black), and along the transect of the GHG flux measurements (red). (a) Water coverage is shown
at mean sea level. The new dike is shown in dark red. (b) Transect stations that were sampled for atmospheric
chamber-based GHG flux measurements (before and after rewetting) and for surface water GHG concentration
measurements (after rewetting). Data from station BTD7 were used for a comparison of the chamber-based
measurements with the calculated airi sea fluxes after rewetting. Topography data retrieved from the Landesamt fir
innere  Verwaltung MV, Amt fir Geoinformation, Vermessungs- und Katasterwesen, Fachbereich

Geodatenbereitstellung.
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This highly degraded topsoil layer was not removed prior to rewetting. Underneath the degraded
topsoil is a well-preserved peat layer with a thickness of ~100 cm. Peat deposits of up to 220
cm thickness are largest in the western part, near the former dike. The long-lasting drainage
and ongoing peat degradation have led to the formation of a local land depression with an
average soil elevation of around -0.5 m above sea level (m a.s.l.). To control the water
expansion after rewetting, a new dike was built in the southern part before flooding (Fig. 15a).
Additionally, a drainage ditch that receives water from the catchment was rebuilt, and a new
pumping station was installed. A significant input of nutrients from this additional water supply
can be excluded due to the low pumping activity and the absence of a permanent hydrological
connection to the study area (Wasser- und Bodenverband Rigen (WBV), T. Schulze, personal

communication, 2020).

The area was rewetted by the targeted removal of a 20 m wide dike section in November 2019
that caused the immediate flooding of the low-lying area behind the dike. The newly built
channel represents the only permanent hydrological connection between the peatland and the
Kubitzer Bodden that allows major surface water exchanges. The remaining section of the dike
(~650 m) was removed down to the surface elevation level and is hence only flooded at very

high water levels.

The restored area covers ~0.8 km? in total and is characterized by a permanently water-covered
area of ~0.5 km?, with a mean water depth of ~0.5 m, compared to 1.07 1.5 m in the Kubitzer
Bodden. The extent of the inundated area depends directly on the water level of the Baltic Sea,
which is highly dynamic despite the absence of regular tides (Fig. A22 in Appendix A).
Therefore, minor changes in the water level lead to major changes in the water-covered area.
For instance, if the water level rises from -0.5 to +0.5 m a.s.l., then the water-covered area
increases from 0.08 to 0.7 km? (Figs. A23, A24). The ditch system was only partly removed,
and hence, some deeper areas with water depths of up to 4 m remained. It is noteworthy that
in the first months after rewetting, former grassland and ditch vegetation (Elymus repens L.
(Gould), known as couch grass and Phragmites australis (Cav.) Trin. ex Steud., known as the
common reed) almost completely died out, and the cover of emergent macrophytes was then
negligible. However, Phragmites australis was able to grow back during the growing season

and expanded especially around the ditches.
2.2 Sampling

2.2.1 Surface water sampling

Before rewetting, surface water samples for nutrients (NO3, NO», NH*4, and PO%*,;) and
chlorophyll U were collected from the inner Kubitzer Bodden (referred to in the following as

A i nima yabstation D1 (Fig. 15a) and irregularly at a second station right in front of the now-
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removed dike section, which was abandoned after rewetting and therefore merged with station
D1. Environmental variables (water temperature, dissolved oxygen (O2), and salinity) were
measured on site. Both stations were reached from the land, and sampling was conducted

monthly from June to November 2019, except for the month of August.

After rewetting, surface water samples were collected with a small boat, and the sampled
variables were extended for the concentrations of GHGs (CO;, CH4, and N,O) and dissolved
organic carbon (DOC). The first sampling took place 1 week after the dike removal. Sampling
was continued over 1 year (25 sampling dates until December 2020) at weekly (December 2019
to January 2020) or biweekly (February 2020 to September 2020, except for August) intervals.
From October 2020 to December 2020, sampling was conducted monthly. In the inner bay,
three stations (D1, D3, and D14) were sampled, and in the flooded peatland, six stations (D4,
D5, D11, D12, D15, and BTD8) were sampled (Fig. 15a). The inner bay station D14 was
sampled from March 2020 onwards. DOC sampling started in April 2020. For the airi sea gas

exchange calculation, data from station D10_1, located in the channel, were also included.

Moreover, surface water samples for the analysis of GHG concentrations (CO2, CH4, and N2O)
were sampled at eight stations along a transect (Fig. 15b). This sampling was carried out
simultaneously with the sampling described in Sect. 2.2.2 to link the GHG airi sea exchange
calculations based on surface water samples with chamber-based flux measurements. Surface
water temperature, Oz, and salinity were measured directly in the field using a Hach HQ40D
multimeter (Hach Lange GmbH, Germany) equipped with two outdoor electrodes (LDO10105
and CDC40105). Depending on the prevailing water depth, additional measurements were
conducted in the peatland 15 cm above the soil surface (excluding the ditches) on 22 of the 25
sampling dates. The precision of the electrodes was + 0.3 °C, + 0.8 %, and + 0.1 for

temperature, O saturation, and salinity, respectively.

Surface water samples were taken using a horizontal 7 L Niskin bottle to sample the upper 20
cm of the water column. These included 250 mL subsamples for CH4/N2O analysis (bottles
capped with butyl rubber stoppers and crimp-sealed), analysis of the CO, system (one bottle
each for total CO; (Cy), total alkalinity (At), and pH) and 15 mL subsamples for the analysis of
nutrients and DOC. Water for chlorophyll U determination was taken using 3 L canisters.

In the laboratory, CH4/N>O and CO; samples were poisoned with 500 and 200 ¢ Lof saturated
HgCl,, respectively, and stored in the dark at 4 °C until analysis. Subsamples for nutrients and
DOC were filtered in the field with pre-combusted (450 °C for 4 h) 0.7 £ mglass fiber filters
(GF/F, Whatman®) and stored at -20 °C. Samples for chlorophyll U were filtered in the
laboratory with non-combusted 0.7 ¢ nglass fiber filters (GF/F, Whatman®) and also stored at
-20 °C.
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2.2.2 Chamber-based atmospheric GHG flux sampling for CO, and CHa

Starting in June 2019, nearly 6 months before rewetting, GHG exchange was regularly
measured using dynamic closed chambers (Livingston and Hutchinson, 1995) along a transect
representing a soil humidity gradient (Fig. 15b). The measurements were conducted twice a
month for a total of 11 sampling days at six peatland stations and two additional stations in the
northi south-oriented main ditch. Each station was sampled up to eight times per sampling day,

resulting in overall 418 CO; and 184 CH, pre-rewetting flux measurements.

For each measurement, the chambers were placed on permanently installed collars and
connected through an airtight seal, with a closure period between 180 and 300 s. Between the
measurements, chambers were lifted to vent them until atmospheric GHG concentrations were
reached. To ensure coverage of photosynthetic and respiration activity, CO, measurements on
the terrestrial peatland were conducted using opaque and transparent chambers for NEE (net
ecosystem exchange) and Reco (€COSystem respiration) determination, respectively. To cover a
broad spectrum of solar radiation, two additional measurements were conducted with cloth-
covered transparent chambers, resulting in a reduced photosynthetically active photon flux
density (PPFD). The GHG concentrations of the ditch stations were determined in three
consecutive measurements with floating opaque chambers placed on the water surface.
Changes in GHG concentrations in the chamber headspace were measured using a portable
laser-based analyzer (Picarro GasScouter G4301, Santa Clara, USA, LI-820, LI-COR
Biosciences, Lincoln, USA, and an ultraportable greenhouse gas analyzer (UGGA), Los Gatos
Research Inc., Mountain View, CA, USA).

After rewetting, the stations along the transect covered a gradient of ground elevations,
including stations that fell dry at low water levels and stations that remained permanently
flooded. Atmospheric GHG fluxes were measured twice a month using floating opaque
chambers positioned above the same sampling locations of the flooded peatland. Since the
flooding caused most plants to die, and almost all measurement locations were covered by
water during the study period, we reduced the number of NEE measurements with transparent
chambers to stations and days with a low water table. Approximately six measurements per
station were made during 23 sampling days between December 2019 and December 2020,
with a total of 698 CO; and 482 CH, fluxes determined during the post-rewetting year.

2.3 Data processing, statistics, and definition of seasons and means

Data analysis and visualization were performed using R (R Core Team, 2021) and the packages
tidyverse (Wickham et al., 2019), lubridate (Grolemund and Wickham, 2011), patchwork
(Pedersen, 2020), car (Fox and Weisberg, 2019), and flux (Jurasinski et al., 2014). The

relationships between environmental variables, nutrient concentrations, and GHG
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concentrations/fluxes were investigated in linear regression analyses. The significance level

was set to p < 0.05.

To describe temporal patterns during the entire sampling period, we defined two pre- and four
post-rewetting periods, roughly corresponding to seasons (Tab. 1). For a direct comparison
between the pre- and post-rewetting periods, we compared nutrient and GHG flux data from
summer and autumn 2019 with those from summer and autumn 2020 (Tab. 3) by using the
Manni Whitney U test.

Table 1. APPENDIX 2: Defined seasons of the investigation period

Prerewetting Postrewetting
summer autumn : spring summer
season  ,4q 2019 winter 2019/2020 2020 2020 autumn 2020
months Juné Septembér Decembeir March Juné Septembér
August November  February May August December

We analyzed the data among the respective peatland and inner bay stations in order to verify
the use of means for each sampling site (peatland and inner bay separately) and date. The
difference between spatial (sampling stations of either site) and temporal (sampling seasons)
data variability was tested by using a two-way analysis of variance (ANOVA) and showed a
higher temporal variability (p < 0.05). Therefore, we decided to combine the stations within the
peatland and within the inner bay, respectively, to report mean values and standard deviations
(single values can be found in the published data set). The two-way ANOVA was also used to

identify seasonal differences between the peatland and the inner bay (Tab. 2).

At station D3, in the inner bay, the pH, CHa4, and pCO- values differed significantly from those
of the remaining stations of the inner bay during the year after rewetting (ANOVA,; Kruskali
Wallis test). Since the differences in water temperature, salinity, and O, were not significant, we
decided to include the data from D3 for these variables to obtain a larger data pool for the inner
bay and to exclude D3 for all other variables. The exclusion was conducted because variables
such as pH, CH4, and pCO; are related to biological activity which can vary, while the more

physically influenced variables (temperature, salinity, and O) are rather constant.
2.4 Nutrients (NO'3, NO2, NH*s, PO%4), chlorophyll U, and DOC

2.4.1 Analysis

Nutrient analyses were carried out according to standard photometric methods (Grasshoff et
al., 2009) by using a continuous segmented flow analyzer (SEAL Analytical QuAAtro, SEAL
Analytical GmbH, Norderstedt, Germany). Detection limits were 0.2 ¢ Mfor NO3, 0.05 £ Mfor

NO~, 0.5 & Mor NH*4, and 0.1 ¢ Mor PO?%*,. Measurements of the nutrient concentrations were

125



APPENDIX 2: Nutrient release and flux dynamics of CO2, CH4 and N20O in a coastal
peatland driven by actively induced rewetting with brackish water from the Baltic Sea

partly below the detection limit for the peatland, the inner bay, and the central bay
(https://doi.org/10.12754/data-2022-0003, Ponisch and Breznikar, 2022). For such
measurements below the detection limit, using the actual values of these measurements is
recommended (e.g., Fiedler et al., 2022) to achieve a robust statistical analysis. Since these
data were not available, we decided to use randomly generated values between 0 and the

respective detection limit with a uniform distribution for these measurements.

Chlorophyll Uwas extracted from glass fiber filters (GF/F, Whatman®) by incubation with 96 %
ethanol for 3 h and analyzed afterwards by using a fluorometer (TURNER 10-AU-005, Turner
Designs, Inc., San José, USA) at 670 nm, according to Wasmund et al. (2006). DOC was
analyzed after high-temperature combustion, using a multi 2100S instrument (Analytik Jena
GmbH, Jena, Germany) and detected by non-dispersive infrared spectrometry according to ISO
20236, ISO 8245 I, and EN 1484.

2.4.2 Use of reference data from a monitoring station

Coastal nutrient data (NO3, NO~, NH*4, and PO*, concentrations) from a monitoring station in
the Kubitzer Bodden (central bay; Fig. 14b), 15 km away from the study area, were obtained as
reference. Monitoring data from 2016 to 2020 were included. These data were used (1) to
compare them with nutrient concentrations from the inner bay before and after rewetting to
detect potentially higher concentrations resulting from nutrient leaching within the peatland and
a subsequent export into the inner bay and (2) to calculate the total possible export out of the
peatland (Sect. 2.4.3) by using the monitoring station as a second, unaffected, endmember
besides the inner bay, which is by contrast potentially affected by the rewetting. Due to
transformations and potential losses along the way to the monitoring station, especially of the

nitrogen species, the calculated total possible exports are meant to be maximum estimates.

2.4.3 Nutrient transport calculation (DIN-N and PO4-P)

To calculate the bulk exchanges of dissolved inorganic nitrogen (DIN-N) and PO4-P between
the flooded peatland and the inner bay/central bay, the water level was transformed to water
volume by creating a hypsographic curve with increments of 0.1m and a resolution of 1 x 1 m
(Fig. A24). Water level data from a nearby monitoring station (Barhoft; 54.43° N, 13.03° E) and
topography data with a resolution of 1 x 1 m were obtained from the Wasserstral3en- und
Schifffahrtsamt Ostsee (WSA) and the Landesamt fiir innere Verwaltung MV, respectively. To
ensure that the water level data of the monitoring station were valid for the peatland, the water
level data of the latter, measured between August and December 2020, were compared with
the data from the monitoring station, which showed a strong correlation (rs = 0.95, p < 0.001,
15 min intervals; data not shown). A water level of -1.6 m a.s.l., as the lowest recorded water

level within the last 25 years, was used as the starting point to derive the cumulative water
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volumes of the peatland. The water volumes were then assigned to the corresponding water

levels to finally calculate the water volume changes (Q; in m3 s?), according to Eq. (1):
06 — 1)

where V is the water volume and t the time. Positive volume changes (Q > 0) indicate an inflow
of water into the peatland, and vice versa. For each season, the mean inflow (Qi,) and outflow

(Qou) volumes were calculated, according to Egs. (2) and (3):
0 Q¢ —, 0 QE0E T Om (2)
bé¢oo— O Q&E | Om (3)

where ' denotes the season length. Note that Qou is negative. Seasonal mean values of
nutrient concentrations (DIN and PO%*,) were calculated and converted from micromoles per
liter ( € M9 kilograms per cubic meter (kg m) by using the molecular masses of the basic
elements N and P to derive DIN-N and PO4-P. After the conversion, nutrient masses of the
peatland (Cpeatiand) and the inner bay (cis) vs. peatland and central bay (ccg), respectively, were
multiplied by Q.ut and Qin and integrated to calculate the net nutrient transport (NNT, in tonnes,

equivalent to megagrams), according to Egs. (4) and (5):

00"y, 0 © Qo 0 @ Q6 4)
00"y, 0 @ Qo 0 @ Qo (5)

Negative values indicate a net nutrient export from the peatland into the inner bay/central bay,
and positive values display a net nutrient import into the peatland. Uncertainty ranges for the
seasonal NNT (unnt, as the 95 % confidence level) were calculated by using an error

propagation, according to Eq. (6):

, ¥ . q 4 i~ q 7 —~ q T~ x q
Os5v  WeB050: WRo&Oicoo Ui sQ00n000 LVof20saoe (6)

where terms with u denote the respective 95 % confidence level. To derive the annual
uncertainty range of the NNT, all seasonal errors were added up.

2.5 GHG concentrations and fluxes

2.5.1 Inorganic carbon system analysis

Directly measured variables (C+, Ar, and pH)

The inorganic carbon system was determined by analyzing the total CO; (Cy), total alkalinity
(A7), and pH of the water samples. Cy was measured with an automated infrared inorganic

carbon analyzer (AIRICA, serial no. 027; MARIANDA, Kiel, Germany). The system acidifies a
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discrete sample volume (phosphoric acid, 10 %), whereby the inorganic carbon species of Cr
are shifted to COy(). A carrier gas stream (99.999 % N.) transfers the gaseous components to
a Peltier device and a Nafion® drying tube (Perma Pure Nafion®, ANSYCO GmbH, Karlsruhe,
Germany) to remove water residues. The produced CO..g/ is detected by an infrared detector
(LI-7000; LI-COR Environmental GmbH, Bad Homburg, Germany). Certified reference
materials (CRMs; Scripps Institution of Oceanography, University of California, San Diego,
USA; Dickson et al., 2003) were used for calibration. Triplicate measurements were conducted

for each sample, and a precision of 5 ¢ mokly* was achieved.

Ar was measured by potentiometric titration (glass electrode type LL, Electrode Plus,
6.0262.100; Metrohm AG, Filderstadt, Germany) in the open-cell configuration, after Dickson
et al. (2007). The system was calibrated with the same CRMs as used for Ct and resulted in

the same precision.

The pH was analyzed spectrophotometrically using the pH-sensitive indicator dye metacresol
purple (mCP, 2 mM; CONTROS Systems & Solutions GmbH, Kiel, Germany). The
measurement principle and instrumental setup are described elsewhere (Dickson et al., 2007;
Carter et al.,, 2013). In brief, absorption was measured using the Agilent 8453 UV-visible
spectroscopy system (Agilent Technologies, Waldbronn, Germany); pH parameterization for
brackish water was calculated following Miller and Rehder (2018). Quality control was
performed by measuring buffer solutions (salinity of 20) prepared according to Muller et al.
(2018). An external buffer solution with a salinity of 35 (Scripps Institution of Oceanography,
University of California, San Diego, USA) was additionally used. All pH values are reported

given on the total scale (pHr).
Calculated variables

The CO; partial pressure in the water phase (pCO-), the value of which was required for the
CO; airi water flux calculations (Sect. 2.5.3), was calculated from Ct and pH using the R
packages seacarb (Gattuso et al., 2019), with K1 and K> from Millero (2010), Ks from Dickson
(1990), and K from Dickson and Riley (1979). Cr and pH were preferred because non-oceanic
components, in particularly organic acid-base systems, contribute significantly to At (Kuli <K et
al., 2014). Ar was also calculated from Ct and pH and the values compared with measured

values, thus revealing the magnitude of the contributions of those components to Ar.

2.5.2 Dissolved CH4 and N,O concentration analysis

Dissolved CH4 and N2O concentrations were determined by gas chromatography on an Agilent
7890B instrument (Agilent Technologies, Santa Clara, USA) coupled to a flame ionization
detector (FID) and an electron capture detector (ECD). A purge-and-trap technique, explained

in detail in Sabbaghzadeh et al. (2021), was used. In brief, a helium gas stream was used to
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purge 10 mL of seawater to extract volatile compounds. The gas stream passed through a
purifier (VICIT Valco Instruments Co. Inc., Houston, USA) and was dried using a Nafion® tube
(Perma Pure Nafion®, ANSYCO GmbH, Karlsruhe, Germany) and a SICAPENT® tube (Merck
KGaA, Darmstadt, Germany). The relevant compounds were enriched by cryofocusing on a
trap filled with HayeSep D® (CS i Chromatographie Service GmbH, Langerwehe, Germany)
maintained at -120 °C using an ethanol/nitrogen cooling bath. After 10 min of heating in a 95
°C water bath, the compounds were desorbed and separated by two capillary columns linked
to the detectors by a Deans Switch (Ponisch, 2018). For quality control, a calibration standard
(gas composition 0f 9.9379 £ 0.0159 ppm CH4 and 1982.07 + 3.77 ppb N2O, where ppm is parts
per million, and ppb is parts per billion) was measured daily before and after the sample
measurements; the standard deviation was < 1 %. The calibration range was adjusted using
multi-loop injection of the calibration gas to ensure that the samples were within the limits of the
calibration. The standard was recalibrated according to high-precision standards (ICOS-CAL,

Max Planck Institute, Jena, Germany).

2.5.3 GHG flux calculations

Atmospheric fluxes based on closed-chamber measurements

CO; and CHg fluxes were calculated using the ideal gas law (Livingston and Hutchinson, 1995),

as formulated in Eqg. (7):

0

Z—= (7)

where F is the GHG flux (g m? h?), M is the molar mass of the gas (g mol?), p is the standard
air pressure (101 300 Pa), V is the chamber volume (m®), R is the gas constant (m® Pa K** mol
1), T is the temperature in the chamber (K), A is the surface area of the measurement collar
(m?), and dc/dt is the change in concentration over time. The latter was derived from the slope
of a linear regression based on the medians of the gas concentrations. The atmospheric sign
convention was applied; thus, positive fluxes indicated a release of GHG by the soil and
negative fluxes GHG uptake by the soil. The fluxes were estimated using the function fluxx()
from the R package flux (Jurasinski et al., 2022) and the SLP (slope based, i.e., median-based
regression; Komsta, 2019) method. Outlier identification (using a histogram) resulted in the
exclusion of CO; fluxes which were smaller than -2.5 and larger than 4 g m? h'. Similarly, CH,
fluxes larger than 200 mg m? h'* were discarded due to a high risk of capturing ebullition-based

CH4 emissions instead of diffusive fluxes.
Atmospheric fluxes based on airi sea gas exchange parameterization (velocity k model)
The airi sea gas exchange (F; g m2 h) is a function of the gas transfer velocity (k) and the

concentration difference between the bulk liquid (Cw) and the top of the liquid boundary layer
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adjacent to the atmosphere (C,). It was calculated as reported in Wanninkhof (2014) and as

shown in Eq. (8):
"0 Q60 8 G (8)

where k was derived from an empirical relationship between a coefficient of gas transfer (0.251)

and the wind speed <U?> (Wanninkhof, 2014) and Schmidt number (Sc), as expressed by Eq.
(9):

N MupY Ydporm 8 %)

Wind speeds originated from the nearby (~15 km away) monitoring station of Putbus and were
measured at 10 m height (DWD; 54.3643° N, 13.4771° E; WMO-ID 10093). The average wind
speed was defined in this study as + 3 h from midday because the wind speed over 24 h was
lowest at night and highest at midday and because sampling was usually conducted within the
selected time interval. The Schmidt number was approximated by a linear interpolation between
the freshwater and seawater values. Atmospheric equilibrium conditions (C.) were calculated
using the atmospheric data for CO, and CH. obtained from the ICOS station of Utd (Finnish
Meteorological Institute, Helsinki). Due to the seasonal changes in the atmospheric dry molar
fraction of CO, and CH,, mean values for each season were computed. For N0, the
atmospheric dry mole fraction from the station of Mace Head was selected (National University
of Ireland, Galway; data from the NOAA Global Monitoring Laboratory (GML) carbon cycle
cooperative global air sampling network; Dlugokencky et al., 2019a, b). A mean value of the
atmospheric N2O concentration during the investigation period was calculated due to its minor
seasonality. Equilibrium concentrations were then calculated using the solubility coefficient (Ko)
fromWeiss and Price (1980). We acknowledge that the airi sea exchange model we used
(Wanninkhof, 2014) was developed for open-ocean waters and is a questionable approach for
deriving fluxes in small enclosed areas such as our study area. However, the lack of an
appropriate parameterization and the convincing result of the comparison of our two

approaches (see below and Appendix C) justify our approach.
Comparability of two independent approaches to atmospheric flux determination

We evaluated the comparability of the two previously described methods by comparing the
results of a representative station (BTD7) for each post-rewetting season. The comparison
showed no significant differences between the fluxes of CO, and CH, derived with the different
methods, and therefore, it seems appropriate to combine the fluxes for each GHG into one
pooled post-rewetting data set. The pooled post-rewetting flux values were compared with the
pre-rewetting values to investigate the effect of rewetting on CH4 and CO: fluxes (Tab. 3). For
more details concerning the comparability assessment, see Appendix C. Due to the large

variability and the pooling of chamber-based measurements with k model data, the GHG fluxes
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after rewetting are hardly suitable for upscaling, and thus, the single values in the published

data should be used.

3. RESULTS

3.1 Surface water properties (temperature, salinity, Oz, DOC, and chlorophyll U)

In the first year after rewetting, there were no significant differences between the peatland and
the inner bay with respect to surface water temperature, salinity, and O. saturation (Fig. 11ai
c; Tab. 2), suggesting a pronounced water exchange between the peatland and the inner bay
that was driven by frequent changes in the water level (Fig. A22). Additionally, no significant
differences between summer and autumn 2019 and summer and autumn 2020 were found in

the inner bay.

Temperature and salinity measurements near the peat surface showed no significant
differences between the surface and bottom water over the year (Nsurface = 140, Npoom = 86; data
not shown), which suggested that vertical exchange processes and mixing were highly
pronounced. However, a significant difference in O, saturation between the surface and bottom

water in summer (p < 0.01) indicated that local and temporary gradients are possible.

DOC concentrations were significantly higher in the peatland than in the inner bay in spring and
summer, with the highest concentration (30 mg L) measured in the peatland (Fig. 16d; Tab.
2). chlorophyll U concentrations after rewetting showed clear seasonal and spatial differences,
with significantly higher concentrations in the peatland in spring and summer (max ~125 € gL
1 Fig. 16e; Tab. 2). A comparison of pre- and post-rewetting chlorophyll Uconcentrations in the
inner bay in summer and autumn showed higher concentrations after rewetting (pre-rewetting

concentrations of 2.5 + 0.9 ¢ g.; post-rewetting concentrations of 15.4 + 11.5¢ ¢_1).

131



APPENDIX 2: Nutrient release and flux dynamics of CO2, CH4 and N20O in a coastal
peatland driven by actively induced rewetting with brackish water from the Baltic Sea

(a) g 0 summer 2019 autumn 2019 | winter 2019 spring 2020 summer 2020  autumn 2020 0
W o~ . o ’

S5 & . : \ %
2= b . i S i

5 8 . E:H‘J——-—'._..,,(r ‘\\‘ é
10 10

®_ 9 9

T 8 8

5 7 7

® 5 6

5 5
175 175
©5 150 150
® 125 125
5 100 100
£EE75 75
1Y 5

© % . 0
(dy _ 30 30
o T 25 . 25
& =2 20 N 20
o 215 15
~ 10 10

5 5
e) 8 125 125
2100 I 100

g 275 f /O B 75

5 250 . ; y 50

5 s - i . M— 25

© 0 = = =" = 0

QP g qp’\q’ o2 ,,p'\g qp'\g o f,p‘?p qp‘?p PN ,Ld?p 10’19 S qp’lp r,p‘lg A
LN L L NN i N PN N NP N
S R S L Gl N R - e O

B peatland + standard deviation ® inner bay + standard deviation
Figure 16. APPENDIX 2: Time series of the mean (a) temperature, (b) salinity, (c) Oz saturation, (d) DOC
concentration, and (e) chlorophyll U concentration (= standard deviation) in the surface water from June 2019 to

December 2020. Data from the flooded peatland (n = 6) are shown in blue and data from the inner bay (n = 2 or 3,

as explained in Sect. 2.3) in black. The vertical black line indicates the rewetting event.
3.2 Nutrients (NO'3, NO>2, NH*4, and PO%4)

3.2.1 Pre- and post-rewetting spatiotemporal dynamics and comparison with a nearby

monitoring station

In the inner bay, all N nutrient concentrations were substantially higher at the first sampling after
rewetting than prior to rewetting, while PO%*, concentrations were only slightly higher post-
rewetting (Fig. 17). This increase in N nutrients led to a drastic increase in the N: P ratio from
~73 in autumn 2019 before rewetting to ~1600 shortly after rewetting in winter 2019. A
comparison of the same pre- and post-rewetting seasons (summer and autumn 2019/2020)
showed generally higher N nutrient concentrations in the inner bay after rewetting, which could

not be confirmed statistically (Manni Whitney U test; Tab. 3).

During winter, all N nutrients were high in the peatland and inner bay. After a rapid decrease in
spring, N nutrient concentrations reached their lowest values during summer, with NH*, and
NO; increasing in autumn again. PO*, concentrations followed a different pattern, with the

highest concentrations determined in summer and fewer fluctuations over the year.
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The spatial differences in nutrient concentrations between the inner bay and the peatland after
rewetting varied greatly between the nutrient species. From the N nutrients, only NO>
concentrations were significantly higher once in winter, shortly after rewetting, whereas NH*,
and NO-; concentrations showed no significant differences in any season (Tab. 2). Significantly
higher PO*, concentrations in the peatland occurred during spring and summer (p < 0.05).
Some significant correlations between nutrient species were found (Fig. D26), especially
between NO/NH*s and NO3/NO, both in the peatland and the inner bay.

Nutrient concentrations of the monitoring station (central bay) showed a low interannual
variability during the years 20167 2020 and often lower concentrations than the inner bay (Fig.
18). A detailed comparison of nutrient data from the monitoring station with those from the inner
bay showed that, before rewetting, only the NH*, concentrations were significantly higher in the
inner bay. After rewetting, NO3 and NO™, concentrations in the inner bay increased and were
significantly higher than in the central bay (p < 0.001 and p < 0.05, respectively).
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Figure 17. APPENDIX 2: Time series of the mean (a) PO%*4, (b) NO3, (c) NO=2, and (d) NH*s concentrations (+
standard deviation) in the surface water from June 2019 to December 2020. Data from the flooded peatland (n = 6)
are shown in blue and data from the inner bay (until 11 March 2020, n = 1; thereafter, n = 2) in black. The vertical

black line indicates the rewetting event.
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Table 2. APPENDIX 2: Seasonal comparison of the surface water means (standard deviation) in

the peatland (Peat) as opposed to the inner bay (Bay) for all in situ variables. The number of

observations is shown in parentheses, and significant seasonal differences (p < 0.05) between the

inner bay and the peatland are indicated in bold.

Prerewetting Postrewetting
summer 2019 autumn 2019 winter 2019 spring 2020 summer 2020 autumn 2020
temperature  peat N/A N/A 3.73+1.25(45) 12.03+4.17 (35) 19.85+2.44 (30) 12.94 + 6.61 (30)
(°C) bay 25.17+3.27(3) 13.95+3.59(6) 3.86+0.99(17) 12.17+4.09(17) 19.36 + 2.68 (15) 12.52 + 6.58 (15)
peat N/A N/A 6.67 +0.68 (45) 8.23+0.66 (35) 8.96 +0.50 (30) 8.22 + 0.33 (30)
salinity
bay 9.21+0.69(4) 8.39+0.38(6) 6.99+0.65(17) 8.27+0.56(17) 8.86+0.63(15) 8.13+0.32 (15)
0, peat N/A N/A 11.19 £ 0.74 (45) 11.72+1.93(35) 8.60+1.86 (30) 9.34 + 1.35 (30)
(mgL' ) bay 7.66+1.70 (3) 7.48 + 3.87 (6) 11.18 £+ 0.67 (17) 10.03 +3.48 (17) 8.26 £2.26 (15) 8.86 +1.80 (15)
N/A N/A 40.03+26.39  74.03+29.01  30.57 +37.50
chlorophylia Peat N/ f 855+10.80 (24) (1) (10) (10)
LT
(gL") bay 266+N/A(1) 242+1.09(3) 4.76+2.31(8) 13.52+8.90 (8) (2116?1 1104 gg347.76 (10)
DOC peat N/A N/A N/A 14.82 £ 2.13 (18) 16.95 +6.09 (27) 12.07 + 3.47 (29)
(mgL'™) bay N/A N/A N/A 11.78 £2.12 (6) 10.72+2.73 (10) 11.09 + 2.54 (10)
NOJ peat N/A N/A (1250)'03 +57.66 (2355)22 £46.03  (14+010(29) 3.69 +3.99 (30)
M
(M) bay 036+030(4) 233+280(6) 6850 +40.67 (9) (1151')38 *3068  516+012(10) 3.38+3.56(10)
NO; peat N/A N/A 1.49 +0.62 (45) 0.43+0.44(35) 0.23+0.12(29) 0.99 + 1.03 (30)
(M) bay 011+007(4) 019+011(6  1.04+0.49(9) 0.29+0.33(11) 0.16+0.12(10) 1.11+1.20 (10)
peat  N/A N/A 300222613 557+156(35) 554+648(20) Lo/8*1950
NH* (M) (45) (30)
bay 167+1.33(3) 3.00+1.70(6) 21.47+23.42(9) 1.71+1.13(11) 2.82+3.87 (10) (1176?3 +21.78
PO (M) peat N/A N/A 0.37+0.41 (45) 0.26+0.28 (35) 0.49+0.26 (29) 0.35 £ 0.33 (30)
bay 130+1.90(4) 0.12+0.08(6) 0.21+0.21(9) 0.09+0.13(11) 0.22+0.21(10) 0.26 +0.28 (10)
cH peat N/A N/A 47.96+49.52  300.49 +414.29 1502.36 + 733.74 £ 699.17
4 (46) (35) 693.36 (30) (30)
(moll')  pay  NiA N/A 81.37+106.93 130.12+190.54 502.47 +479.31 194.70 + 186.49
) (11) (10) (20
N,O peat N/A N/A ?56?3 t152.45  1542+4.97 (35) 6.95+1.35(30) 14.34 + 4.04 (30)
nmol L'
( ) bay  N/A N/A 26.74+9.69 (7) 13.13+4.13 (11) 8.76 +1.26 (10) 16.68 +5.27 (10)
o peat NJ/A N/A 1403.89 + 925.64 + 868.56 4016.69 * 2197.11 +
p 674.79 (46) (35) 2120.03 (30) 1771.41 (30)
(Hatm) bay N/A N/A 1050.00 + 297.81+93.57 1161.74+ 1151.68+ 968.31
552.68 (7) (11) 1275.46 (10) (10)
oH peat N/A N/A 7.66+0.21 (46) 8.01+0.33(35) 7.35+0.34 (30) 7.60 +0.32 (30)
bay  N/A N/A 7.78+0.20(7) 8.32+0.13(11) 7.95+0.48 (10) 7.86 +0.36 (10)
c peat N/A N/A 2153.61 + 2471.11 + 2539.09 + 2273.41 + 312.95
T 121.07 (46) 223.74 (35) 225.34 (30) (30)
(molkg' ) pay  NiA N/A 2113.87 +73.73 2201.63+98.45 2094.51 + 2106.76 + 282.17
@ (11) 208.11 (10) (10)
A peat N/A N/A 2154.43 + 2614.86 + 2546.03 + 2290.59 + 272.70
T 155.12 (46) 209.57 (35) 239.96 (30) (30)
(molkg' ) pav  N/A N/A 2144.41+94.49 2414.45% 2270.25 2187.83 + 213.75
@ 123.87 (11) 125.07 (10) (10)
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Table 3. APPENDIX 2: Statistical comparison of pre- and post-rewetting nutrient concentrations
and GHG fluxes. For pre- and post-rewetting phases, summer and autumn seasons were used
(June to November 2019 and 2020, respectively). Nutrient concentrations are compared for the
inner bay and GHG fluxes for the peatland site. The triple asterisks and ns indicate p < 0.001 and

not significant, respectively.

ocation IrDerve\;etting Postrewetting ;
mean+SD n mean + SD n

NH4* (UM) inner bay 26116 9 9.9+16.9 20 n.s.
NOs' (UM) inner bay 15+23 10 1.8+29 20 n.s.
NOZ (UM) inner bay 0.2+0.1 10 0.6 +1.0 20 n.s.
PO T(uM) inner bay 0.6+1.3 10 0.2+0.2 20 n.s.
COxflux (gm 2n' ) transect + area 0.3 +0.8 330 0.3+0.3 450 n.s.
COxflux (gm ' ) ditch 0.3+0.1 87 0.3+0.3 92 n.s.
CHg flux (mg ml 2h' § transect + area 0.1+1.0 97 1.7+76 320 ok
CHaflux(mgm 4 ) ditch 11.4+375 85 8.5+26.9 92 ok

In spring, N nutrient concentrations were similar at the two locations, whereas in summer, all N
nutrients were significantly higher in the inner bay (p < 0.01). In autumn, NO> and NH*
concentrations increased again and, thus, showed significantly higher concentrations in the
inner bay. PO%*, again followed a pattern different to that of the N nutrients. Shortly before
rewetting, its concentrations in the inner bay were significantly lower than those in the central
bay (p < 0.05). After rewetting, PO*, concentrations showed no significant differences in any

season.

3.2.2 Nutrient export from the rewetted peatland into the inner bay

The rewetted peatland was a net source of DIN-N and POs-P for the inner bay (Tab. B4 in
Appendix B). During the first year after rewetting, 10.8 + 17.4 t yr* DIN-N and 0.24 + 0.29 t yr*
PO,-P were exported into the inner bay (given as mean 95 % confidence level, equivalent to
Mg yrt). DIN-N export was highest during the winter directly after rewetting (8.6 + 9.9 t) and
lowest during summer (0.3 £ 0.5 t). DIN-N and PO4-P were only exported from the peatland into

the inner bay in all seasons.

N nutrient concentrations showed a gradient from the peatland through the inner bay to the
central bay. Therefore, nutrient data from the central bay were also taken into account to
estimate the total possible export from the peatland to the sea. This resulted in an estimated
total net export of 33.8 + 9.6 t yr! DIN-N. In contrast to the comparison of the peatland and the

inner bay, PO4-P was once imported from the central bay into the peatland in autumn (0.03 +
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0.10 t). Additionally, it was noticeable that the PO4-P concentrations in the central bay were
permanently higher than in the inner bay, leading to a lower annual export of 0.09 + 0.32 t yr*
PO,4-P.
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Figure 18. APPENDIX 2: Seasonal nutrient concentrations of (a) NO3, (b) NH*4, (c) NO, and (d) PO?%; at the nearby
monitoring station (central bay, red) and in the inner bay (inner bay, blue) from pre- to post-rewetting. The vertical
black line indicates the rewetting event. Note that 5-year data (20161 2020) are shown for the central bay (see Sect.

2.4.2). ns is for not significant, and the asterisks denote the following: p < 0.05, p <0.01, and p < 0.001.
3.3 GHG in the surface water after rewetting

3.3.1 Inorganic C system

During the winter after rewetting, the differences in the CO; system (Cy, AT, pH, and pCO,)
between the inner bay and the peatland were not significant (Figs. 19, 20a). All variables
increased slightly until spring, coinciding with a slight increase in salinity over the same period.
From spring onwards, however, the components of the CO;, system followed contrasting
patterns, with Ct and At remaining relatively constant in the inner bay but reaching significantly
higher values in the peatland (p < 0.05), including maximum values in summer (Tab. 2). The
pH also showed significant seasonal differences, with lower values and a minimum in summer
in the peatland (p < 0.05). Cy and Ar values in the inner bay and in the peatland aligned in

autumn, whereas the pH remained significantly different (p < 0.05).

The mean pCO; (calculated from Cy and pH) of the surface water in winter was 1050.0 + 55.7
€ a timthe inner bay and 1403.9 + 674.8 ¢ a t imthe peatland (Fig. 20a). The pCO; values
were highest during the first few weeks after inundation and then steadily decreased, with the
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lowest mean values occurring in spring (peatland) and summer (inner bay). The summer was
characterized by high pCO- values in general, including earlier and stronger increases in the
peatland than in the inner bay that resulted in significant differences in spring and summer (p <
0.05 for both seasons). pCO; values were highest in summer, with 4016.7 + 2120.0 ¢ at m
(peatland) and 1161.7 £ 1275.5 ¢ a t (inmer bay; Tab. 2). In October, all of the examined CO;

guantities had a short-term inversion of the prevailing pattern.
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Figure 19. APPENDIX 2: Time series of the mean (a) total CO2 (Cr), (b) total alkalinity (Ar), and (c) pH (+ standard
deviation) in the surface water after rewetting, as measured from December 2019 to December 2020. Data from the
flooded peatland (n = 6) are shown in blue and data from the inner bay (until 11 March 2020, n = 1; thereafter, n = 2)

in black. The vertical black line indicates the rewetting event.
3.3.2 CH4

During the first few months after flooding (in winter), the CH,4 concentrations in both the inner
bay and the peatland were low and did not differ significantly (Fig. 20b; Tab. 2), i.e., 48.0 £ 49.5
nmol L? (peatland) and 81.4 + 107.0 nmol L? (inner bay). From mid-spring onwards, CHs4
concentrations in the inner bay and the peatland increased such that, during summer and
autumn 2020, the differences at the two areas were significant (p < 0.05). Mean CH, values
were highest in summer and amounted to 1502.4 + 693.4 nmol L in the peatland and 502.5 +
479.3 nmol Lt in the inner bay. Furthermore, the peatland was characterized by a considerable
short-term variability in spring and summer, which is expressed in four peaks representing
elevated concentrations. A positive significant correlation (rs = 0.73, n = 72, p < 0.001) was
found in the peatland between the surface water CH4 concentrations and a water temperature
> 10 °C butnot < 10 °C.
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3.3.3 N2O

The highest N.O concentration of 486.3 nmol L was measured in the peatland 1 week after
rewetting (Fig. 20c), followed by 41 5 weeks of still-elevated N>O concentrations between 19.9
and 91.8 nmol L. During winter, significant positive correlations were determined in the
peatland between N>O and NH*,4 (rs = 0.61, n = 45, p < 0.001) and between N,O and NO (rs =
0.46, n = 45, p < 0.01). From spring onwards, N.O decreased rapidly, both in the peatland and
the inner bay, with the lowest values of 4.7 to 7.9 nmol L reached in summer. Other positive
correlations of N2O with N nutrients in the peatland included NO3 (rs = 0.74, n = 35, p < 0.001)
and NO7 (rs = 0.70, n = 35, p < 0.001) in spring and all N species in autumn (NO; has rs = 0.85,
n =30, and p < 0.001; NO; has rs = 0.70, n = 30, and p < 0.001; NH*4 has rs = 0.80, n = 30,
and p < 0.001).
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Figure 20. APPENDIX 2: Time series of the mean (a) pCOz, (b) CH4 concentration (cCHa), and (c) N2O concentration
(cN20; £ standard deviation) after rewetting in the surface water from December 2019 to December 2020. Data from

the flooded peatland (n = 6) are shown in blue and data from the inner bay (until 11 March 2020, n = 1; thereafter, n

= 2) in black. The vertical black line indicates the rewetting event.

Spatial differences in N2O concentrations between the inner bay and the peatland were low and
not significant in winter, spring, or autumn, whereas significantly lower concentrations were

measured in the peatland during summer (Tab. 2).
3.4 Pre- and post-rewetting GHG fluxes (CO., CH4, and N20)
Terrestrial CO- fluxes before rewetting, during summer and autumn 2019, were highly variable,

ranging from -3.3 to 3.0 g m? h', with a mean + SD of 0.29 + 0.82 g m?2 h! (Fig. 21a). Within
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the ditch, pre-rewetting CO; fluxes ranged from -0.008 to 0.6 g m? h* but, on average, were

comparable with the fluxes determined at the terrestrial (dry) surface.

After rewetting, formerly terrestrial CO. fluxes decreased in amplitude (-0.5 to 1.4 g m? h?),
while the summer and autumn averages were unchanged compared to the pre-rewetting fluxes
(Tab. 3). In the ditch, the mean and minimum post-rewetting CO; fluxes were within the range
of those determined before rewetting (mean of 0.26 + 0.29 g m? h'; min of -0.02 g m?2 h1), but
the maximum flux (1.1 g m? h') was almost twice as high as the pre-rewetting ditch flux (max
of 0.6 g m?2h?),

Pre-rewetting CH, fluxes (mean £ SD) in summer and autumn 2019 varied between -0.9 and
8.4 mg m? h? (terrestrial) and -1.1 and 193.6 mg m2 h! (drainage ditch; Fig. 21b). While mean
terrestrial CH, fluxes were 0.13 + 1.01 mg m*? h, the mean ditch fluxes were 11.4 + 37.5 mg
m2 h, In summer and autumn 2020, after rewetting, average CHj fluxes on formerly terrestrial
land increased slightly but significantly (1.74 + 7.59 mg m*2 h''), whereas in the ditch they
decreased considerably (8.5 + 26.9 mg m? ht). Flux amplitudes at the ditch station before and

after rewetting were comparable.

Data on N.O fluxes are available only for the postrewetting period. The rewetted peatland was
a small source of N,O, with an annual mean (+ SD) flux of 0.02 + 0.07 mg m2 h' in the first
year after rewetting (Fig. 21c). The highest N.O flux of 0.4 mg m?2 h! occurred 1 week after
rewetting, followed by lower N,O fluxes between 0.007 and 0.2 mg m? h* within the following
475 weeks. Afterwards, N.O fluxes remained constantly close to zero. Negative fluxes,

indicating N-O uptake, were measured only in summer.

4. DISCUSSION

4.1 Nutrient dynamics and export

The seasonal dynamics of the nutrients followed a typical course over the year. Thus, after
rewetting, NH*s, NO3, and NO~ concentrations in the water column were high in winter and
autumn, which is typically due to the mineralization of OM followed by nitrification (Voss et al.,
2010). By contrast, the low DIN concentrations during spring and summer reflected the
consumption of nutrients by plants and phytoplankton. The very high chlorophyll Uconcentration
(up to 125 ¢ gL!) in the peatland indicated the presence of a highly phototrophic community,
likely driven by the higher availability of nutrients compared to the inner bay. Due to these
distinct seasonal differences with the lowest nutrient concentrations in spring and summer, a
rewetting within these seasons would probably be more beneficial to reduce a potential nutrient

export into the inner bay, at least during the first few months after rewetting.

139



APPENDIX 2: Nutrient release and flux dynamics of CO2, CH4 and N20O in a coastal
peatland driven by actively induced rewetting with brackish water from the Baltic Sea

(a) — 3 summer 2019 autumn 2019 winter 2019 spring 2020 summer 2020 autumn 2020 3
o 2 d 2 2
Oq 1 S g 1
o ‘E 0 - = 9- ot e b R EM'\MM e Y 0
c) L
S— _1 _1
(b) <200 200
- N-C 150 ). 150
I ‘E 100 100
© 5 50 t N al 50
g 0 ~ A & - - - - - - - do-sbe oa N - > 0
(c) <06 0.6
o & 04 i 0.4
z £ 02 \ & | 0.2
/R
g OG . AN, S L. s Srtmgt— 8-l & Y DO

S22 2 N2 ¢ N2 2 00 G0 90 90 I S 9 IS O 90 IO
e N A L R e L LA N L L L oL
WU TR Y 00 QT 9FY yT P (B p0 (NP T WO TR cfh 0O QO R

& ditch * standard deviation & formerly dry + standard deviation

Figure 21. APPENDIX 2: Time series of the mean (a) CO2, (b) CH4, and (c) N20O fluxes (+ standard deviation) from
June 2019 to December 2020. Fluxes of the permanently wet drainage ditch are shown in purple and those derived

from the two methods employed in this study in green. The vertical black line indicates the rewetting event.

To assess whether the flooded peatland served as a nutrient source for the inner bay, nutrient
concentrations of the peatland were compared with those of the inner bay and of an unaffected
monitoring station (central bay) and showed generally higher mean concentrations. Due to
drainage, the mineralization of upper peat layers can lead to an accumulation of nutrients within
the soil (Zak and Gelbrecht, 2007; Cabezas et al., 2012). After rewetting, nutrient concentrations
in the porewater and ultimately in the overlying water increase (van de Riet et al., 2013;
Harpenslager et al., 2015; Zak et al., 2017). The leaching of nutrients is driven by concentration
differences across the soili water interface, but it is also dependent on factors such as salinity
(Rysgaard et al., 1999; Steinmuller and Chambers, 2018), the oxygen availability in the soil
(Lennartz and Liu, 2019), and the effects of the latter on microbial processes (Burgin and
Groffman, 2012), as well as on the degree of peat decomposition (Cabezas et al., 2012). For
instance, highly degraded peat, such as at our study area, can store and release more nutrients
than less degraded peat (Cabezas et al., 2012), meaning that the highly degraded peat of our
study area was prone to leaching high amounts of nutrients. Occasional measurements of
porewater nutrient concentrations in the peat of our study area revealed DIN and PO%*,
concentrations up to 1 order of magnitude higher than those in the surface water (Anne
Breznikar, unpublished data), providing further support for the leaching of nutrients out of the

peatland and into the inner bay.
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The estimated annual nutrient exports (mean *+ 95% confidence level) from the peatland of 10.8
+17.4 tyr! DIN-N and 0.24 + 0.29 t yr! PO4-P (peatland/inner bay) and 33.8 + 9.6 t yr! DIN-N
and 0.09 +0.32 t yr! PO4-P (peatland/central bay) were high, given the small size of the flooded
peatland (~0.5 km? at 0 m a.s.l.). For comparison, the Warnow, a small river that flows into the
Baltic Sea near the city of Rostock, Mecklenburg-Vorpommern, draining an area of ~3300 km?,
had a mean annual DIN-N and PO.-P export of 1200 + 500 and 19.9 + 7.6 t yr, respectively,
over the last 25 years (HELCOM, 2019). Therefore, the total nutrient export from the flooded
peatland to the inner bay and to the central bay in the first year after rewetting accounted for 1
% and 3 %, respectively, of the annual DIN-N and POs-P loads of the Warnow. When
normalized to the same dimensions, our study area exported 21.61 67.6 t DIN-N km? yr! and
0.18i 0.48 t PO4-P km? yr, whereas the Warnow exported only 0.36 t DIN-N km? yr? and 0.01
t PO4-P km2 yrt,

However, we also want to briefly address the reasons for the high uncertainty range of our
calculated nutrient exports. First, they derive from high fluctuating nutrient concentrations in the
surface water within the seasons. This is also visible in the high standard deviations (Tab. 2).
Therefore, the 95 % confidence level of the nutrient exports is high and reflects the natural
dynamic. Second, we conducted default error propagation during the export calculation which

leads to even higher ranges on top of the high natural dynamic.

Compared to the Warnow river, it is noticeable that the range of uncertainties is highly different
for the two sources. While our uncertainties are mostly higher and in the same order of
magnitude compared to the means, the uncertainties in the river data are 1 order of magnitude
lower. This is likely due to the different timescales of the two data sets. Our export data were
generated by taking only the first post-rewetting year into account in which the system was still
in a transition state and, thus, very dynamic nutrient concentrations were found. The
uncertainties in the river exports were generated by using 25 years of data, leading to lower
uncertainties than using data from only 1 year, and they were calculated as the standard
deviation and not as 95 % confidence level, as was done for the exports of our study site.
Therefore, this has to be considered when their uncertainty ranges are compared directly.
Nevertheless, our results highlight the importance of currently still-unmonitored and small,
independent draining areas along the coastline of the Baltic Sea, in particular those that become
intentionally flooded (HELCOM, 2019).

4.2 Assessment of the GHG dynamics
4.2.1 CO»
The carbon system in our study area is governed by a variety of processes (e.g., Wolf-Gladrow

etal., 2007; Kuli gHE etal., 2017; Schneider and Miiller, 2018). Ct and Ar were transported with

141



APPENDIX 2: Nutrient release and flux dynamics of CO2, CH4 and N20O in a coastal
peatland driven by actively induced rewetting with brackish water from the Baltic Sea

the brackish water from the central bay and ultimately from the Arkona Basin. Additional
alkalinity can be added either by a supply of freshwater, which in the southwestern Baltic Sea
is characterized by higher alkalinities than the brackish or even saltwater endmember
(Beldowski et al., 2010; Muller et al., 2016), or can be introduced by mineralization processes
from the seafloor in the inner bay and the flooded peatland. Primary production (i.e., carbon
fixation) will decrease Cr, lower the pCO;, and increase pH during the formation of organic
matter. The mineralization of OM from various sources (new primary production, mineralization
of the inundated former vegetation, and from the underlying peat) will enhance Cr and Ar
concentrations, increase pCO;, and decrease pH. Airi sea exchange during our study is
fostered by a pCO; that is above atmospheric levels throughout the year, except for a short
period in spring in the inner bay and the peatland, where outgassing of CO; occurred, resulting

in lower pCO; and a decrease in Cr.

We observed the following three main developments in the surface water CO; system and airi
sea flux pattern: (i) in winter 2019/2020, the CO- system hardly differed between the peatland
and the inner bay; (ii) from spring to autumn, there were significant differences in the CO-
system between the peatland and the inner bay, with higher pCO,, C+, and Ar values and lower
pH in the peatland coinciding with an enrichment in chlorophyll U; and (i) overall, the first
postrewetting year showed sustained high but less variable CO; fluxes compared to pre-
rewetting conditions. In the following, we will discuss these three observations and put them

into context.
Initial post-rewetting CO, dynamics

The first weeks after the rewetting were characterized by high nutrient concentrations, a
continuous increase in Ar, Cr, and pH and a decrease in pCO; (Figs. 17, 19, 20). The increase
in Cr and Ar coincided with a steady increase in salinity (Fig. 16), which is in line with a general
increase in Ar with increasing salinity that is known for the western Baltic Sea (e.g., Kuli K et
al., 2022).

Still, the Ar values at the given salinity were higher in the inner bay and the peatland than would
be expected from a linear Ar i S relationship found for surface waters in the open Baltic Sea
from the central Gotland sea to the Kattegat (Beldowski et al., 2010; Mdller et al., 2016). Thus,
the high At in the inner bay and peatland were likely associated with local carbonate (CaCOs)
weathering from terrestrial sources and/or a transport by groundwater (Schneider and Miiller,
2018). Cr and At values during this period were consistently higher by ~701 80 ¢ moky™ in the
peatland than in the inner bay, consistent with enhanced leaching from the recently inundated
peat. Besides, local CaCO; weathering and local anoxic processes, such as SO?, reduction,
may have increased the Ar in the submerged soil and finally contributed to higher Ar values

compared to the inner bay.
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The oversaturation in pCO; and potentially the excess leaching of alkalinity from the soil might
have contributed to the decrease in pCO; and increase in pH in the peatland in winter
2019/2020. This was apparently reinforced by a short episode of primary production between
the middle and end of January, indicated by a steeper decline in the pCO, and a steeper pH
increase. This coincided with a short increase in chlorophyll U(30 ¢ d-) and a slight intermittent
increase in the surface water temperatures (Fig. 17). This short, unusually early productive
period might have resulted from the high nutrient availability induced by the rewetting of the
peatland (Sect. 3.2.1), in particular the high NH*, levels, which simultaneously showed a sharp

intermittent minimum.

The predominance of production and mineralization shaped the productive period (spring to

autumn)

In late winter and the first half of spring, pCO. continuously decreased in the peatland and in
the inner bay. The lowest pCO, was measured between March and May and coincided with
enhanced chlorophyll Uconcentrations and a high availability of nutrients in the peatland and in
the inner bay, which decreased until mid-spring. This resulted in a slight CO, uptake in the
peatland of -0.005 g m? h! for a short period of time, so that spring was the only season in
which pCO; was, on average, below atmospheric concentrations in the inner bay (Fig. 21). This
finding can be attributed to the onset of the productive period, at still-moderate surface water
temperatures below 10 °C until mid-April. During this period, productivity clearly exceeded
mineralization, as suggested by the decreasing pCO; and increasing pH, despite rising
temperatures, and increasing O, oversaturation in the surface waters. These trends were
slightly more pronounced in the peatland than in the inner bay, in accordance with higher

nutrient concentrations available for production.

From mid-spring until late summer, the peatland was characterized by increased pCO, and a
variable CO, system together with high mean chlorophyll U concentrations of up to 106.0 ¢ gL-
1, N nutrients were very low, and the system was clearly nitrogen limited, with only slightly
elevated NH*4 concentrations in late summer (Figs. 16, 17). Furthermore, the O, saturation
shifted from over- to undersaturated conditions. These observations suggest that the peatland
and the inner bay were characterized by simultaneous production and mineralization processes
from mid-spring until autumn that kept the N nutrients (except for PO*,) low. Mineralization of
OM in the water column, sediment, and soil dominated over production, leading to the observed
high pCO, lowered pH, and enhanced Ar and Cr concentrations. Mineralization during this
period was more pronounced in the peatland than in the inner bay, leading to the higher pCO,,
Ar, and Cr values in the peatland, and a stronger and more pronounced reduction in the pH.
This stronger mineralization, in particular in the warm summer months, also led to higher DOC

concentrations in summer, with a maximum in June/July coinciding with maximum surface
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water temperatures. The enhanced mineralization in the peatland was likely fueled by higher
OM availability from high decomposition rates of fresh plant substrate from inundated plant
residuals (Glatzel et al., 2008; Hahn-Schofl et al., 2011). In addition, aerobic and anaerobic
oxidation of CH4, which was produced in anoxic zones, might have led to increased CO-
production, especially during increased water temperatures (e.g., Treude et al., 2005; Dean et
al., 2018), due to the availability of SO%4 and O,.

The calculated At (from Cy and pH) in the peatland was consistently lower than the measured
A, with a difference in the range of 551 122 ¢ mdkg™* and thus of 2.7 %i 4.7 % (data not shown).
This difference was higher than in the Baltic Sea, where the contribution of organic Ar is
estimated to be 1.5 %i 3.5% (Kuli K et al., 2014). Due to closer vicinity to the coast and the
high amount of degradable OM, this higher contribution of organic Ar was to be expected. The
highest discrepancy between measured Ar values and those calculated from pH and C+r occur
in early summer, simultaneous with the highest values in DOC, in particular in the peatland (Fig.
16). This suggests that the organic Ar related to the occurrence of DOC (and thus dissolved
organic matter, DOM), contributed to the excess of Ar. The higher DOM formation in summer

in the peatland might partly explain the difference in Ar between the inner bay and the peatland.
Brackish water flooding caused sustained high, but less variable, CO fluxes

The amplitude of the CO- fluxes from formerly drained parts of the study area decreased after
rewetting with brackish water, while the amplitude of CO fluxes from the ditch (inundated after
flooding but with deeper, probably incompletely exchanged water) did not differ strongly before
and after rewetting (Fig. 21). An increased water table is the main driver for the reduction in
CO; emissions on formerly drained locations. A similar scenario has been reported for terrestrial
sites (Bubier et al., 2003; Strack, 2008). In a nearby coastal peatland, both photosynthesis and
ecosystem respiration were strongly reduced after rewetting (Koebsch et al., 2013). The
rewetting of our study area probably caused a die-back of the highly productive grassland

vegetation, which most likely led to a reduction in the CO, flux amplitude.

Average summer/autumn CO; fluxes after rewetting had a mean of 0.26 + 0.29 g m? h** and
thus remained relatively high compared to those fluxes from 2019. They were also higher than
the fluxes determined in studies of shallow coastal or near-shore waters in the northwestern
Bornholm sea, of up to 0.01 g m2 h'! (Thomas and Schneider, 1999), or the Bothnian Bay, of
around ~0.0007 g m?2 ht (Loffler et al., 2012). In a nearby coastal fen recently influenced by
brackish water inflow, ecosystem respiration was 2 orders of magnitude lower (Koebsch et al.,
2020) compared to our study site, where the ongoing decomposition of submerged substrate
from plant residuals and the fresh soil may have fueled the continuously high CO; fluxes in the
first year after rewetting (Hahn-Schoéfl et al., 2011). The mineralization of OM from primary

production driven by the high initial nutrient availability, and aerobic and anaerobic oxidation
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(Dean et al., 2018) of easily degradable substrates or CH., might have additionally contributed
to these CO; fluxes. We expect that CO, emissions will further decrease, likely because
substrates become exhausted, and a novel ecosystem will be established (Kreyling et al.,

2021), with developing algae fostering CO- fixation.
4.2.2 CHq4

We observed the following three main developments in surface water methane concentrations
and flux patterns: (i) a short-term, very moderate increase in CH4 concentrations directly after
rewetting in winter 2019/2020, (ii) an increase in the CH4 concentrations, mainly from spring to
autumn, that was significantly higher and more variable in the peatland than in the inner bay
and correlated with water temperature, and (iii) in the first year after rewetting, much lower CH,
fluxes than reported for nearby peatlands rewetted by freshwater. These three observations are

discussed and put into context in the following.
Short-term, moderate increase in the CH4 concentrations in the winter after rewetting

The measurements in winter, immediately after rewetting, showed a short-term but moderate
increase in the CH,4 concentrations (Fig. 20). The rewetting resulted in the inundation of the
degraded peat and the remaining vegetation. Therefore, it is assumed that methanogenesis
was not limited by the availability of high-quality OM, which is often a major controlling factor
(Heyer and Berger, 2000; Parish, 2008) and likely originated from the decomposition of the
residual plant material. However, since CH4 concentration remained low, a temperature control
is assumed, which has been frequently described in the literature. A major control of
temperature has been reported, for example, for a nearby shallow coastal area of the Baltic
Sea, between the islands of Rigen and Hiddensee, where low CHs emission rates and

variability were found together with low temperatures (Heyer and Berger, 2000).

The rewetting transported water with a salinity of 61 7.4 into the peatland, such that there were
no significant differences in salinity compared to the inner bay in winter (the same as for
temperature; Tab. 2). Thus, sulfate reached the peatland immediately after rewetting. As a
terminal electron acceptor (TEA), SO?, promotes the activity of sulfate-reducing bacteria (SRB),
which outcompete methane-producing microorganisms (methanogens) for substrates (Segers
and Kengen, 1998; Jagrgensen, 2006; Segarra et al., 2013). This process was shown to play an
important role in flat brackish water systems (e.g., Heyer and Berger, 2000). The availability of
other TEAs, such as NO-; that had high concentrations of 100 £ 58 ¢ Mn our study, could have
further suppressed methanogenesis (Tab. 2; Jgrgensen, 2006). Beside competitive
mineralization, aerobic and anaerobic CH,4 oxidation may have reduced the CH,4 concentrations
(Heyer and Berger, 2000; Reeburgh, 2007; Knittel and Boetius, 2009; Steinle et al., 2017),
supported by the effective exchange of water masses. Overall, the rewetting with brackish water
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during the cold winter season apparently inhibited methanogenesis and/or facilitated effective

CHy oxidation, resulting in low CH,4 concentrations and a small CH, flux into the atmosphere.
Increased and variable CH4 concentrations during the vegetation period

The temperature increase from spring to autumn was accompanied by elevated, albeit variable,
CH4 concentrations. Temperature is of crucial importance for controlling the CHa cycle in
shallow coastal brackish water (Bange et al., 1998; Heyer and Berger, 2000) and in the North
Sea (e.g., Borges et al., 2018). Similar relationships have been described for wetlands, e.g., for
permanently inundated wetlands (e.g., Koebsch et al., 2015) and in a peatland close to our
study site during the first year after rewetting (Hahn et al., 2015). Accordingly, CH,
concentrations in the peatland (rs = 0.75, n = 74, p < 0.05) and the inner bay (rs = 0.55, n = 29,
p < 0.05) also correlated significantly and positively with temperature. In the study of Heyer and
Berger (2000), the temperature range influenced the temporal variability in CHs emissions,
which were highest in late spring. Since the temperature range in the peatland of our study was
variable (e.g., maximum difference of ~6 °C between samplings), with the highest values
between spring and autumn (7.47 23.1 °C), this variability may have strongly contributed to the
observed CH4 dynamics. The peatland and the inner bay were clearly influenced by the same
hydrographic conditions, evidenced by their very similar salinities and temperatures. However,
the peatland showed higher CH4 concentrations from spring to late autumn, likely due to the
high availability of OM, as described by Heyer and Berger (2000) and Bange et al. (1998).
Incubation experiments of a degraded fen grassland demonstrated the accumulation of fresh
plant litter in a new sediment layer after flooding that resulted in high rates of CHs and CO:
production (Hahn-Schofl et al.,, 2011). A further potential driver of OM availability is the
sedimentation of freshly produced OM originating from primary production, as described for
shallow areas in the Baltic Sea (Bange et al., 1998) and for a shallow bight in the North Sea,
which in the latter led to a yearly peak in the seasonal CH4 cycle (Borges et al., 2018). Although
our observations were not made in OM-poor sediments, an impact of freshly produced OM on
enhanced CH. concentrations in the OM-rich Drammendorf peatland is possible, given the
significant positive correlation of the surface CHs concentrations and the chlorophyll U
concentration (rs = 0.41, n =56, p < 0.05).

Brackish water rewetting and low CH4 emissions

Despite the high surface water CH4 concentrations in the peatland and their inter-seasonal and
spatial variability, rewetting with brackish water resulted in CH4 emissions being considerably
lower than those from temperate fens rewetted with freshwater, where CH, emissions strongly
increased (Augustin and Chojnicki, 2008; Couwenberg et al., 2011; Hahn et al., 2015; Franz et
al., 2016; Jurasinski et al., 2016). At our study site, although average CH4 fluxes on formerly

terrestrial locations increased significantly by 1 order of magnitude after rewetting, the overall
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increase from 0.13 + 1.01 to 1.74 + 7.59 mg m2 h! (Fig. 21) was lower than that reported for
freshwater rewetted fens under similar climatological boundary conditions (e.g., Hahn et al.,
2015; Franz et al., 2016). Even several years after rewetting, the annual CH, budgets of a
shallow lake on a formerly drained fen varied between 13.2 and 52.6 g m2 yr! (Franz et al.,
2016), which corresponds to approximately 1.5 to 6.0 mg m? h™. Our CH, fluxes were also
lower than the emissions reported from coastal near-shallow waters of the Baltic Sea, where
fluxes of 39.91 104.2 mg m? h'* were measured in June/July (Heyer and Berger, 2000). For the
same months, mean CH,4 fluxes at the formerly dry stations in our study site were 0.514.9 mg
m2 ht. However, compared to CHs fluxes from continental shelves (0.0151 0.024 mg m? h';
adapted from Bange et al., 1994), the fluxes of our study site were 2 orders of magnitude higher.
Despite the low average fluxes, emission peaks could be distinguished with the highest flux
from the now inundated ditch of 149.2 mg m2 h! in September 2020 and 108.3 mg m2 htin
October 2020. While these values were still lower than the maximum value of 243.0 mg m2 h?t
reported by Heyer and Berger (2000), it is important to stress that our study site was already a
source of CHa in its drained state, especially within the drainage ditch, where CHa4 fluxes were

comparable to the ~0.2 mg m2 h? reported from undrained fens (Daneveéie et al., 2010).

The lower CH4 emissions of the brackish rewetted Drammendorf peatland might be attributed
to the availability of TEAs, especially SO%,4, which (1) may have contributed to a suppression in
methanogenesis by competitive inhibition (Segers and Kengen, 1998; Jgrgensen, 2006;
Segarra et al., 2013) or (2) fostered the anaerobic oxidation of methane (AOM) as an effective
pathway to reduce CH4 emissions and by (3) fast aerobic CH,4 oxidation mediated by oxygen-
rich water. The high variability in CH4 concentrations may also be related to changing rates of
AOM, as the process is sensitive to the introduction of O, mediated by sporadic winddriven
resuspension (Treude et al., 2005). Since our study area was shallow and likely experiences
regular wind-driven resuspension, spatially and temporally dynamic AOM can be assumed. The
low CH,4 fluxes suggested that effective aerobic and anaerobic oxidation of CH, likely occurred.
Moreover, higher CH4 concentrations in the peatland compared to the inner bay in combination
with the high lateral water exchange due to frequent changes in the water level (Fig. A24) might
have driven a net advective export of CHs-enriched water to the inner bay. This would have

further contributed to the low peatland CH, emissions and the observed high variability.

While CH.4 production and emission were likely prevented by rewetting with oxygen-rich, sulfate-
containing brackish water, the possibility remains that the total CH, release was underestimated
by insufficient accounting for ebullition. In the marine environment, bubble-mediated transport
is attributed to gassy sediments and an effective mechanism of vertical CHs migration (e.g.,
Borges et al., 2016). Although neither of the methods used to determine CH, fluxes specifically
account for ebullition, we estimated that 6.9%of all analyzed chamber-based fluxes were partly

bubble influenced. We estimated this percentage by counting the measurements which showed
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irregular data points in graphical depiction but did not influence the linear slope. We observed
further that, in another 9.6 % of the chamber-based flux measurements, the CH4 concentration
patterns indicated ebullition (flux measurements with exponential slope, which was clearly
steeper than the linear regression of the majority of data points), but these were not accounted
for in the final calculations of diffusive fluxes. Thus, given that only 16.5% of the chamberbased
flux measurements indicated bubble-mediated CH4 transport, and in almost half of those cases,
the resulting perturbation was small and was included in the flux amplitude, the magnitude of

the ebullition-driven underestimation of our flux estimates is considered to be small.

In summary, the increase in CH4 concentrations after rewetting in winter was small, short-lived,
and associated with the die-back of plants. CHs fluxes in the first year after rewetting remained
relatively low and were lower than typical of post-rewetting conditions. They also followed a
seasonal pattern common for shallow organic-rich systems, with a strong correlation with
temperature in spring and summer. We anticipate that continuing reduction in OM availability
after the initial die-back of vegetation will likely lead to a further decrease in CH4 emissions in

subsequent years.
4.2.3 No.O

The rewetted peatland was a source of N2O in the first year after rewetting, although the mean
annual N2O flux of 0.02 + 0.07 mg m2 h** was very low (Fig. 21). This was expected since a
permanent inundation leads to anoxic conditions in the peat, preventing the production of N,O
by nitrification, in addition to denitrification, due to the lack of NO; (e.g., Succow and Joosten,
2001; Strack, 2008). However, the range of post-rewetting N2O fluxes in the first 3 months
(winter) was clearly much larger than during the rest of the year, which indicated that N,O was
strongly and immediately affected by the rewetting, as shown elsewhere (Goldberg et al., 2010;
Jargensen and Elberling, 2012). The highest N.O flux (0.4 mg m? h') and the highest NH*4
concentration (78.0 ¢ M)was measured 1 week after rewetting and a significant positive
correlation between these two variables was found in winter (rs = 0.61, n = 45, p < 0.001).
Additionally, N2O had a significantly positive correlation with NO in winter (rs = 0.46, n =45, p
< 0.01), whereas no correlation with NO; was found. The accumulation of N>O, and also of NO-
» and NO3, can generally be interpreted as a result of shifting O, conditions in the freshly
inundated ecosystem, such that incomplete process chains of, for example, nitrification and
denitrification were favored (Rassamee et al., 2011). However, it seems likely that the high N2O
concentrations in winter originated from nitrification due to the correlations of N,O with its
substrate (NH*;) and its main accumulating intermediate product (NO), in addition to a trend

of increasing NO'3 concentrations throughout the winter.

During late spring and early summer, an undersaturation of the surface water with N,O,

compared to the atmosphere, pointed to consumption within suboxic/anoxic zones of the peat.
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Consumption in the surface water was unlikely because anoxic conditions were never found
near the peat surface. The undersaturation of N.O a few months after rewetting evidenced the
change in O; conditions in the peat, from oxic to hypoxic/anoxic, turning the rewetted peatland
into an N2O sink, at least temporarily. This change was likely driven by the higher availability of
fresh OM (measured as chlorophyll U) in the peatland compared to the inner bay, finally leading

to significantly lower N>O concentrations in the peatland in summer (p < 0.001; Tab. 2).

Previously reported NO fluxes in drained peatlands range from 0.002 to 0.45 mg m? h1, with
a clear trend towards higher fluxes in fertilized or naturally N-rich areas (Flessa et al., 1998;
Glatzel and Stahr, 2001; Augustin, 2003; Strack, 2008; Minkkinen et al., 2020). Augustin et al.
(1998) examined multiple degraded fens in Mecklenburg-Vorpommern and Brandenburg
(Germany) and calculated N,O fluxes of 0.04 to 0.10 mg m? h! in extensively and intensively
used fen grasslands, respectively (Augustin et al., 1998). N,O fluxes in drained peatlands result
from a low water level which allows the permanent penetration of atmospheric oxygen into the
peat to fuel N.O-producing processes that are dependent on oxygen (Martikainen et al., 1993;
Regina et al., 1999). As the water level in our study site was permanently below the soil surface
before rewetting, it is likely that the drained peat was a source of N2O. The mean post-rewetting
N-O flux determined in our study area (0.02 + 0.07 mg m? h) is in the lower range of reported
fluxes from drained peatlands. Therefore, as shown in other studies (Succow and Joosten,
2001; Minkkinen et al., 2020), the rewetting probably led to a reduction in N2O fluxes, since they

were likely high before the rewetting.

In general, the N2O fluxes in rewetted peatlands are in the same range as fluxes from pristine
ones (Minkkinen et al., 2020), indicating that rewetting is a very effective measure to reduce
N.O emissions to natural levels. The literature values range from up to 0.017 0.02 mg m2 h?,
for rewetted and undrained boreal peatlands (Minkkinen et al., 2020), respectively, to 0.08 mg
m2 hl, for a rewetted riparian wetland near a freshwater meadow (Kandel et al., 2019).
Although it is difficult to compare the N.O fluxes determined in this study with those from other
sites with different salinity, hydrology, and history of use, our mean annual post-rewetting value

is in the lower range of N,O fluxes previously reported for rewetted and pristine peatlands.

5. CONCLUSION AND OUTLOOK

The effects of rewetting a drained coastal peatland with brackish water in winter and the
subsequent formation of a permanently inundated area were studied over 1 year. We found a
strong pulse of DIN leaching out of the peat, followed by the transport of DIN into the inner bay
that resulted in a high export, especially in winter, when compared to the Warnow, a nearby
river. However, due to a rapid decrease in nutrient concentrations in spring, the nutrient export
after a rewetting in spring or summer would likely be lower compared to rewetting in winter, at

least during the first few months thereafter.
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Furthermore, CO, concentrations and emissions seem to remain relatively high after the
rewetting with brackish water compared to the dry conditions before rewetting. This was likely
driven by the high OM availability from the residual vegetation and also by the high rate of
primary production in the water column. However, the flux amplitude decreased after rewetting
and, thus, peak emissions during the vegetation period were prevented. The lack of a strong
increase in CH4 emissions in the first year after rewetting with brackish water, in contrast to
nearby areas rewetted with freshwater, suggests that especially during the colder months,
rewetting with brackish water or seawater would minimize CH4 emissions and thus maximize
the effect on integrated GHG emission reduction. Moreover, a rapid elevation of the water level,
which occurred at our study site, will promote the oxidation of peat-derived CH4 in the water
column. Future CHs emissions will depend on processes, such as the development of
vegetation, and will likely decrease. According to the literature, dry peatlands were found to be
rather large sources of N2O due to their drainage for agricultural use. However, the permanent
inundation of our study site led to a rapid decrease in N-O emissions and converted the peatland

into a N>O sink during summer, with fluxes similar to pristine peatlands.

With the ongoing formation of salt grass meadows, livestock farming at our study area can and
will continue. However, the a r e asé bas not hindered its positive development towards an
ecosystem with the potential to eventually become a carbon and nutrient sink in the future. We
expect that both the nutrient export and GHG emissions will slowly decrease due to a shrinking
reservoir of substrates. Nonetheless, because degraded peat is both nutrient- and OM-
enriched, this decrease will occur slowly, given that the topsoil was not removed prior to flooding
to diminish nutrients and OM, as was demonstrated by other studies. Whether or not the area
will act as a C sink in the future depends on the success and speed of the establishment of

vascular vegetation and its burial in the anoxic parts of the sediment.

Nutrient export from peatlands and the re-establishment of the nutrient and C
sequestration functions of highly degraded coastal peatlands after rewetting are complex
processes whose elucidation requires long-term investigations. The pronounced seasonal
dynamics highlight the need for approaches that include a high temporal resolution, such

as that achieved with sensor-based or eddy-supported measurements.
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APPENDIX A: STUDY AREA
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Figure A22. APPENDIX 2: Water level data from the monitoring station Barhoft (WasserstraRen- und Schifffahrtsamt

Ostsee), representing the Kubitzer Bodden, from the beginning of rewetting (26 November 2019) until the end of the

investigation period. The red dots indicate the sampling days. The dashed horizontal line represents 0 m a.s.l. The

minimum and maximum water levels of the investigation period are shown by the blue horizontal lines (-0.7 and 1.1

m a.s.l., respectively). See also Fig. A23 and A24.
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Figure A23. APPENDIX 2: The changing water level and its effect on the water coverage of the study area is shown

for (@) -0.5 m a.s.l. and (b) 0.5 m a.s.l. Topography data are retrieved from the Landesamt fir innere Verwaltung
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Figure A24. APPENDIX 2: Hypsographic curve of the study area in increments of 0.1 m. The red dots represent the

observed range of the water level during the study. For a water level time series during the sampling period, see Fig.
A22.
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APPENDIX B: NUTRIENT EXPORT CALCULATION

Table B4. APPENDIX 2: Mean seasonal water volume exchanges (Qin/Qout; m® s1) and nutrient

masses (kg m=) in the inner bay (ci), central bay (cce), peatland (Cpeatiand), and the resulting net
nutrient transport (NNT; in tonnes) for DIN-N and PO4-P. Negative values of NNT indicate an export

from the peatland into the inner bay/central bay, and vice versa

confidence level.

. All errors are given as the 95 %

Cig
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Cig

Cpeatland
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(s D wgmy wemy  ONNO ggmy ggmy  POPO
w9 1N 00 ipesy S0 BSOS om0
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amwmn UG Lon solexaor  sloaxior 104832 gl s37idpr 0042010
total (peatland/ inner bay) 110.8+£17.4 10.24+£0.29
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APPENDIX C: COMPARABILITY OF TWO INDEPENDENT APPROACHES TO
ATMOSPHERIC FLUX DETERMINATION

Since the gas transfer velocity k model (Sect. 2.5.3) requires a wateri air interface and thus
cannot be applied to dry conditions, atmospheric flux measurements obtained by manual
closed-chambers along a representative transect (Fig. 15b) were available to determine pre-
rewetting GHG fluxes (CO; and CH.). After rewetting, data from manual closed chambers
(transect) and from surface water sampling for the k model (transect and peatland stations)
were used. The two methodologies were applied at the same locations along the transect only
after rewetting (Tab. C5).

To evaluate the inter-comparability of the flux estimates obtained with the two methods, the
results from station BTD7 were compared for each post-rewetting season (Fig. C25). Data from
this station were chosen because it was permanently flooded after rewetting and thus assured
a valid baseline for comparison. The dynamics of the CO; fluxes determined by the two methods
were the same and thus did not differ significantly in any of the seasons (Kruskali Wallis test; p
> 0.05).

CHjs fluxes also did not differ significantly, except in autumn (Kruskali Wallis test; p < 0.001),
when the average flux calculated according to the two methods differed by a factor of 2.7.
However, the data of the k model had less impact, due to the smaller number of measurements
(n = 6). Given the smaller data set compared to that of the closed chambers (n = 17), the same
statistical analysis was conducted without a seasonal division. The results showed no
significant differences in the two methods for CH, fluxes (Kruskali Wallis test; CO, and CHa).
Therefore, it was deemed appropriate to combine the flux estimation methods for each GHG
into one post-rewetting data set, as this allowed the consideration of a broader range of possible
flux amplitudes. In addition, the post-rewetting data acquired along the transect were pooled
with data distributed throughout the peatland area. Although the area covered by the transect
was smaller than that covered by the k-model data from the peatland, such that pooling of the
post-rewetting-data risked spatial bias, two positive effects of pooling were identified. (1) The
transect stations were representative of the entire area after flooding because they covered a
water level gradient (several centimeters to > 2m in the ditch) that coincided with the conditions
of the peatland stations. (2) The transect stations represented a large heterogeneity in the
peatland before rewetting that decreased post-rewetting. This was also evident from the CO,
flux measurements, which showed a high variability (data not shown) at each station before
rewetting. After rewetting, there was less variability, such that the stations became more similar
in their atmospheric C exchange patterns, likely due to the mixing patterns triggered by lateral
exchange with the Baltic Sea (Sect. 3.1). Largely similar conditions were therefore assumed at

all stations within the peatland.
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Table C5. APPENDIX 2: Overview of the methods used to determine the atmospheric GHG fluxes.
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Figure C25. APPENDIX 2: Seasonal post-rewetting fluxes of (a) CO2 and (b) CHa at station BTD7, which is part of
the GHG flux transect. Chamberbased atmospheric GHG fluxes are shown in blue and airi sea GHG fluxes from the
k model in red. The methodological comparisons within seasons are based on a significance level of p < 0.05. ns is

for not significant, and the triple asterisks mean p < 0.001.

The pooled post-rewetting flux values were compared with the pre-rewetting values to
investigate the direct effect of rewetting on CH4 and CO: fluxes.
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APPENDIX D: NUTRIENT CROSS-PLOTS

Cross-plots with linear regression analyses were generated for nutrients (NH*4, NO3, NO~, and
PO%*,) and DOC concentrations across all seasons to investigate potential correlations (Fig.

D26). Significant correlations are shown with red asterisks (p < 0.05).

Figure D26. APPENDIX 2: Cross-plots of the measured nutrients (NH*s, NO73, NO=», and PO%s) and DOC

concentrations in (a) the inner bay and (b) peatland across all seasons. Significant correlations are indicated by
asterisks
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